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Abstract 

Background. Dioxins, furans and polychlorinated biphenyls (PCBs) are persistent 

organic compounds released into the environment as a result of industrial activity. They 

disrupt endocrine function, and may have contributed to recent documented worldwide 

declines in sperm count and fertility (Diamanti-Kandarakis et al., 2009; Bursian, 

Newsted and Zwiernik, 2011; Zawatski and Lee, 2013; Gore et al., 2015). However, few 

studies have examined the longitudinal effects of childhood exposure to these chemicals. 

This work investigates how boys’ exposure to dioxins, furans and PCBs during the critical 

peripubertal developmental window might affect 1) serum sex hormones throughout 

adolescence 2) and the pace of pubertal progression.  

Methods. The Russian Children’s Study measured serum toxic equivalents (TEQs) 

of dioxins (PCDDs), furans (PCDFs), coplanar PCBs (c-PCBs) and mono-ortho-PCBs (m-

PCBs), and serum concentrations of non-dioxin-like PCBs (NDL-PCBs), in 516 boys aged 

8-9. We then followed the boys for 11 years, measuring serum sex hormones and testicular 

volume (TV) biennially through ages 18-19. We used longitudinal mixed methods to 

model the association of peripubertal serum organochlorines with serum testosterone, 

follicle-stimulating hormone (FSH) and luteinizing hormone (LH) throughout 

adolescence. We then created population trajectories of pubertal progression by applying 

Latent Class Growth Modeling (GBTM) to longitudinal measurements of TV. Finally, 

using ordinal and multinomial logistic models, we examined associations between 

organochlorines and trajectories of pubertal progression.  

Results. Peripubertal serum TEQs were associated with 1) mid-pubertal decreases 
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in serum testosterone (PCDD TEQs and c-PCB TEQs); 2) mid-pubertal decreases in 

serum FSH (PCDD TEQs); and 3) slower pubertal progression (all TEQs), consistent with 

prior findings linking TEQs to pubertal delays (Burns et al., 2016). On the other hand, 

peripubertal exposure to NDL-PCBs was associated with early- to mid-pubertal decreases 

in serum testosterone and FSH, in conjunction with accelerated pubertal progression. The 

association with accelerated pubertal progression is consistent with prior observations 

(Burns et al., 2016), though it is unclear how the accompanying declines in sex hormone 

concentrations fit in. 

Conclusion. In boys, increased peripubertal exposure to dioxins, furans and PCBs 

is associated with disruptions in serum testosterone, FSH and LH throughout 

adolescence, as well as shifts in tempo of pubertal progression. 
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Chapter 1: Introduction 

Over the past several decades, changes have been observed in reproductive 

parameters worldwide. Studies in men have reported a decline in semen quality since the 

1930s (Carlsen et al., 1992; Swan, Elkin and Fenster, 2000; Levine et al., 2017); an 

increase in lifetime incidence of testicular cancer since 1960 (Znaor et al., 2014); and a 

secular trend of declining serum testosterone since the 1970s (Chodick, Epstein and 

Shalev, 2020). Additionally, children of both sexes may be entering puberty earlier than 

ever before (Euling et al., 2008; Goldstein, 2011; Sørensen et al., 2012). American and 

European girls may be developing breasts perhaps as much as 12 months earlier than they 

did in the 1980s, (Sørensen et al., 2012), leading the Lawson Wilkins Pediatric Endocrine 

Society to recommend lowering the diagnostic age for precocious puberty (Kaplowitz, 

Oberfield and Drug and Therapeutics and Executive Committees of Lawson Wilkins 

Pediatric Endocrine Society, 1999). In boys, secular trends in puberty are less studied, but 

according to one population-based Copenhagen Puberty Study, boys examined in 2006-

2008 experienced pubertal onset approximately 3 months earlier than did boys in 1991-

1993 (Sørensen et al., 2010).  

These changes have implications for human health and the economy. Adults with 

diminished fertility are more likely to experience emotional distress, guilt, feelings of 

inadequacy, and poorer quality of life (Greil et al., 2011; Fisher and Hammarberg, 2012; 

Patel et al., 2018; Patel, Sharma and Kumar, 2018). Furthermore, in societies already 

impacted by low birth rates and aging workers, biological subfertility among otherwise 

reproductively-minded adults has the potential to become a vitally important economic 

concern (Buchanan and Rotkirch, 2013). Among children, early puberty raises the risk of 

behavioral issues and sexual exploitation in adolescence (Cheng et al., 2019). 
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Furthermore, children who enter puberty earlier are more likely to develop obesity, type 

II diabetes, cardiovascular disease, and reproductive cancers in adulthood (Patton and 

Viner, 2007; Golub et al., 2008). Given these potentially grave health and social 

consequences, it becomes important to investigate the factors behind reproductive 

changes in the population.  

 Among these factors are endocrine-disrupting chemicals (EDCs), substances in 

our environment thought to exert endocrine effects by interfering with hormone 

production, metabolism and action (Parent et al., 2003; Woodruff et al., 2008; Diamanti-

Kandarakis et al., 2009; Toppari and Juul, 2010; Gore et al., 2015). Although many EDCs 

have been identified, this work will focus on dioxins, dibenzofurans and polychlorinated 

biphenyls (PCBs), organochlorine molecules comprising two aromatic carbon rings 

substituted with chlorine. These chemicals occur in multiple forms, or congeners, 

determined by the number and position of chlorine atoms. Table 1 shows the congeners 

of interest to the current work. 
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Table 1. Dioxins, furans and PCBs of interest 

Dioxins 

2,3,7,8-TCDD 

1,2,3,7,8-PeCDD 

1,2,3,4,7,8-HxCDD 

1,2,3,6,7,8-HxCDD 

1,2,3,7,8,9-HxCDD 

1,2,3,4,6,7,8-HpCDD 

1,2,3,4,5,6,7,8,9-OCDD 

 

Furans 

2,3,7,8-TCDF 

1,2,3,7,8-PeCDF 

2,3,4,7,8-PeCDF 

1,2,3,4,7,8-HxCDF 

1,2,3,6,7,8-HxCDF 

1,2,3,7,8,9-HxCDF 

1,2,3,4,6,7,8-HpCDF 

1,2,3,4,7,8,9-HpCDF 

 

 

 

 

 

 

 

 

 

 

 

 

 

Dioxin-like PCBs1 

       Coplanar 

3,3’,4,4’-TCB (77) 

3,4,4’,5-TCB (81) 

3,3',4,4',5-PeCB (126) 

3,3',4,4',5,5'-HxCB (169) 

 

       

Mono-ortho 

2,3,3',4,4'-PeCB (105) 

2,3',4,4',5-PeCB (118) 

2,3,3',4,4',5-HxCB (156) 

2,3,3',4,4',5'-HxCB (157) 

2,3',4,4',5,5'-HxCB (167) 

2,3,3',4,4',5,5'-HpCB 

(189) 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Non-dioxin-like PCBs1 

2,2',5-TCD (18) 

2,4,4'-TCB (28) 

2,2',3,5'-TCB (44) 

2,2',4,5'-TCB (49) 

2,2',5,5'-TCB (52) 

2,3',4,4'-TCB (66) 

2,4,4',5-TCB (74) 

2,2',3,4,5'-PeCB (87) 

2,2',4,4',5-PeCB (99) 

2,2',4,5,5'-PeCB (101) 

2,3,3',4',6-PeCB (110) 

2,2',3,3',4,4'-HxCB (128) 

2,2',3,4,4',5'-HxCB (138) 

2,2',3,4',5,5'-HxCB (146) 

2,2',3,4',5',6-HxCB (149) 

2,2',3,5,5',6-HxCB (151) 

2,2',4,4',5,5'-HxCB (153) 

2,3,3',4,4',6-HxCB (158) 

2,2',3,3',4,4',5-HpCB (170) 

2,2',3,3',4,5,5'-HpCB (172) 

2,2',3,3',4,5',6'-HpCB (177) 

2,2',3,3',5,5',6-HpCB (178) 

2,2',3,4,4',5,5'-HpCB (180) 

2,2',3,4,4',5',6-HpCB (183) 

2,2',3,4',5,5',6-HpCB (187) 

2,2',3,3',4,4',5,5'-OCB (194) 

2,2',3,3',4,4',5,6-OCB (195) 

2,2',3,3',4,4',5,6'-OCB (196) 

2,2',3,3',4,5,5',6'-OCB (199) 

2,2',3,4,4',5,5',6-OCB (203) 
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Table 1 (Continued) 

 

 

 

 

 

 

Non-dioxin-like PCBs 

2,2',3,3',4,4',5,5',6-NCB (206) 

2,2',3,3',4,4',5,5',6,6'-DCB (209) 

Abbreviations: TCDD/F: tetrachlorodibenzo-p-dioxin/furan (4 chlorines); PeCDD/F: 

pentachlorodibenzo-p-dioxin/furan (5 chlorines); HxCDD/F: hexachlorodibenzo-p-

dioxin/furan (6 chlorines); HpCDD/F: heptachlorodibenzo-p-dioxin/furan (7 chlorines); 

OCDD/F: octachlorodibenzo-p-dioxin/furan (8 chlorines); PCB: polychlorinated biphenyl; 

TCB: tetrachlorobiphenyl (4 chlorines); PeCB: pentachlorobiphenyl (5 chlorines); HxCB: 

hexachlorobiphenyl (6 chlorines); HpCB: heptachlorobiphenyl (7 chlorines); OCB: 

octachlorobiphenyl (8 chlorines); NCB: nonachlorobiphenyl (9 chlorines); DCB: 

decachlorobiphenyl (10 chlorines); 

1 Numbers in parentheses represent PCB names according to International Union for Pure 

and Applied Chemistry (IUPAC) terminology. 

 

Dioxins, furans and PCBs make their way into the environment as a result of 

industrial activity. Dioxins and furans are unwanted byproducts of various processes, 

such as the manufacture of chlorinated organic chemicals like hexachlorocyclohexane, or 

the incineration of chlorinated organic waste; while PCBs have been used in transformers 

and capacitors, and as additives to paints and lubricants (Pohjanvirta and Tuomisto, 

1994; Revich et al., 2001; Takasuga et al., 2006; Revich and Shelepchikov, 2008). Upon 

their release into the environment, these chemicals disperse widely and persist long-term. 

They deposit in soils, water and vegetation, but can also volatilize from soil, travel long 

distances without degrading, and accumulate in areas far from their original release 

(Jones and de Voogt, 1999).  Thus, they have been found to contaminate both industrial 

and non-industrial environments worldwide (Sharma, Mcbean and Gowing, 2007; Srogi, 

2007; Revich and Shelepchikov, 2008; Vilavert et al., 2010; Pius et al., 2018; Roumak et 
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al., 2018).  

Dioxins, furans and PCBs are lipophilic, which allows them to accumulate in the 

adipose tissues of animals and biomagnify through the food chain. In the wild, they have 

been detected in the tissues of marine predators like killer whales, polar bears, seals and 

penguins (Muir et al., 1992; Ross et al., 2000; Corsolini et al., 2007). Additionally, they 

have made their way into the human body, largely through dietary exposure to 

contaminated products like meat, fish, dairy and eggs (Burns et al., 2009; Liem, Furst 

and Rappe, 2000; Lorber et al., 2009; Adamse et al., 2016; Bogdal et al., 2017). They have 

been detected in the blood of populations across all continents and are almost universally 

present in breastmilk, making them among the earliest environmental contaminants 

transferred to human infants (Hauser et al., 2005; Ferriby et al., 2007; Lorber et al., 

2009; Consonni, Sindaco and Bertazzi, 2012; van den Berg et al., 2017). 

Body burdens of dioxins, furans and PCBs worldwide have been on the decline for 

decades, in large part due to increased regulations (Fång et al., 2015; van den Berg et al., 

2017). Production of PCBs was banned in Japan in 1968, in the US in 1979, and had 

completely ceased in Russia by 1993 (Takasuga et al., 2006; Burovtsov, 2009). In the US, 

annual emissions of dioxins and furans have been on the decline since 1978 due to 

improved incinerator performance, restrictions on the production of chlorphenols that 

might result in dioxin formation, and other regulatory measures (Bursian, Newsted and 

Zwiernik, 2011). Nevertheless, despite these downwards temporal trends, human 

exposure to dioxins, furans and PCBs continues (White and Birnbaum, 2009). It is 

estimated that 780,000 tons of PCBs are still present in older electrical equipment, 

landfills or in storage, while dioxins continue to be formed as unintentional industrial 

byproducts (Bursian, Newsted and Zwiernik, 2011). In general, more highly chlorinated 
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congeners tend to have longer half-lives – ranging from approximately 7 years for 2,3,7,8-

TCDD to more than 20 years for 2,3,4,7,8-PeCDF and PCB 189 – and are thus more likely 

to accumulate in biological tissues (McFarland and Clarke, 1989; Milbrath et al., 2009; 

Hoogenboom et al., 2015). This is reflected in human biomarker studies, in which 

measured levels have been found to increase with age (Ferriby et al., 2007; Consonni, 

Sindaco and Bertazzi, 2012). In short, humans continue to be exposed to these chemicals 

perinatally, in childhood, and throughout their lives; and grow, develop and age under 

the influence of an ever-increasing body burden of dioxins, furans and PCBs.  

Dioxins, furans and PCBs are thought to exert their endocrine effects through 

different pathways. Dioxin-like chemicals are thought to act as anti-androgens, binding 

to the aryl hydrocarbon receptor (AhR), entering the nucleus, and occupying androgen-

responsive sites on DNA (Pohjanvirta and Tuomisto, 1994; Kharat and Saatcioglu, 1996; 

Jana et al., 1999; Safe and Wormke, 2003; Barnes-Ellerbe, Knudsen and Puga, 2004; 

Morrow et al., 2004; Van den Berg et al., 2006; Murray, Patterson and Perdew, 2014; 

Bonati et al., 2017). The resulting anti-androgenic effects have been documented in 

numerous animal studies. For instance, when adult rats were exposed to single large dose 

of 2,3,7,8-TCDD, they manifested lower plasma testosterone, as well as reduced testis and 

ventral prostate weights (Moore et al., 1985). Furthermore, these anti-androgenic effects 

appear magnified if exposure occurs at certain sensitive developmental windows. For 

instance, when rats were exposed to 2,3,7,8-TCDD perinatally, the effects on their 

reproductive systems were widespread and lifelong, encompassing delayed testicular 

descent in the neonatal period; a dose-dependent trend of decreased plasma testosterone 

at all stages of life, from prepuberty through puberty to sexual maturity; lesser physical 

growth during adolescence; and a lifelong decrease in the weights of seminal vesicles and 
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ventral prostate (Mably, Moore and Peterson, 1992).  

While dioxins are thought to exert anti-androgenic effects primarily through the 

AhR, non-dioxin-like PCBs may directly target androgen receptors (AR), resulting in 

either potentiation or dampening of hormonal effects depending on the number of 

available receptors and hormone concentrations (Bonefeld-Jørgensen et al., 2001; 

Plíšková et al., 2005; Oh et al., 2007; Zhang et al., 2014; Gore et al., 2015; Takeuchi, 

Anezaki and Kojima, 2017).  In an in vitro experiment, a mix of the three PCBs most 

abundant in biological extracts (138, 153 and 180) competitively bound to the AR, causing 

dose-dependent anti-androgenic effects in hamster ovarian cells (Bonefeld-Jørgensen et 

al., 2001). As with dioxins, these effects are particularly severe if exposure occurs during 

sensitive developmental windows. When a mixture of PCBs 138, 153 and 180 was fed to 

pregnant rats, their male offspring had significantly lower neonatal serum testosterone 

levels (Dickerson et al., 2011). In another experiment, male rats prenatally exposed to a 

reconstituted mixture of PCBs commonly found in human breastmilk – a mixture 

dominated by PCBs 138, 153 and 180 – showed markedly reduced testis weights and lower 

serum testosterone at sexual maturity, indicating long-term or latent effects (Hany et al., 

1999). 

Consistent with the animal literature, human studies have linked dioxins, furans 

and PCBs with potential endocrine disruption in males. In a cross-sectional analysis of 

Vietnam War veterans exposed to 2,3,7,8-TCDD through Agent Orange, high levels of 

serum 2,3,7,8-TCDD were associated with lower serum testosterone (Gupta et al., 2006). 

Another cross-sectional analysis found the same association in workers from plants 

manufacturing 2,4,5-trichlorophenol in New Jersey and Missouri (Egeland et al., 1994).  

Furthermore, as with animals, timing of exposure may produce different effects (Barrett, 
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2011). In 1976, an explosion at a chlorphenol plant near Seveso, Italy, released 

approximately 30 kg of 2,3,7,8-TCDD into the surrounding area. Boys who were at 

different stages of life at the time of the accident showed different patterns of semen 

quality at examination two decades later. Compared to an age-matched unexposed group, 

Seveso men who had been exposed perinatally (in utero and through breastmilk) and 

during early childhood (between ages 1-9) had decreased sperm concentration and 

motility in adulthood (Mocarelli et al., 2008, 2011). By contrast, men exposed in 

adolescence (ages 10-19) appeared to have increased sperm concentration and motility in 

adulthood; while men exposed in adulthood (age 18-26) did not have significant changes 

in semen quality at examination  (Mocarelli et al., 2008). These findings support the 

hypothesis that in humans, as in animals, the anti-androgenic effects of dioxins may be 

strongest at the sensitive perinatal and peripubertal exposure windows (Gore, 2007; 

Arnold, 2009). 

PCBs have also been investigated in human populations, and the findings have 

been consistent with anti-androgenic effects observed in animal studies. In a cross-

sectional analysis of Native American men, serum levels of non-dioxin-like PCBs 74, 99, 

153 and 206 were inversely associated with total circulating testosterone, as were serum 

total PCBs (Goncharov et al., 2009). Serum PCB 118 concentrations also showed a 

suggestive association with lower total testosterone in men from a US infertility clinic 

(Ferguson et al., 2012) , while serum PCB 153 was associated with lower sperm motility 

and a lower biologically active free testosterone fraction in Swedish men aged 18-21 

(Richthoff et al., 2002). As with dioxins, windows of exposure appear to be important. 

For example, the Yucheng poisoning incident, which occurred in central Taiwan in 1971, 

exposed the population to cooking oil contaminated with high levels of PCBs and PCDFs. 
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Boys exposed to this contamination in the sensitive prenatal window were found to have 

lower sperm motility, a higher percentage of abnormal sperm, and lower serum 

testosterone-to-estradiol ratios at age 16, compared to unexposed boys (Guo et al., 2000; 

Hsu et al., 2005), In another example, boys’ prenatal exposures to the most common 

PCBs 138, 153 and 180 were associated with lower serum testosterone and luteinizing 

hormone (LH) at age 14 (Grandjean et al., 2012). When considered alongside the animal 

data (Dickerson et al., 2011), these human studies are consistent with the hypothesis that 

exposure to PCBs during key developmental windows – namely, the perinatal period – 

may exercise an antiandrogenic effect, manifesting as decreased serum sex hormones in 

young adulthood. 

While less often studied, there is another developmental window of importance to 

male reproductive health: the peripubertal period. This period, encompassing the roughly 

two years immediately preceding pubertal onset, is called the “activational” window 

because it involves the activation of the hypothalamic-pituitary-gonadal (HPG) axis and 

the initiation of the complex changes associated with puberty. The trigger for this 

activation is not completely understood, but is thought to involve the neurotransmitters 

kisspeptin, neurokinin-B and dynorphin (Alotaibi, 2019). These are believed to stimulate 

the pulsatile release of gonadotropin releasing hormone (GnRH) from the hypothalamus, 

which in turn signals the anterior pituitary to release the gonadotropins follicle-

stimulating hormone (FSH) and luteinizing hormone (LH). In the male, FSH stimulates 

the proliferation of testicular Sertoli cells, which are critical to the survival of germ cells 

and their development into sperm (Griswold, 1998); while LH stimulates testicular Leydig 

cells to produce the sex hormone testosterone, the key androgen of puberty. Testosterone 

drives progression through puberty – the maturation of the testes, initiation of 
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spermatogenesis, and somatic changes in muscle mass, bone, etc.  (Nieschlag, Behre and 

Nieschlag, 2012).  

The Russian Children’s Study (RCS), the cohort of interest in this work, was among 

the first to focus on male endocrine disruption during this activational window. At study 

initiation in 2002-2003, there were no longitudinal cohorts specifically tracking male 

puberty, and no human data on whether male pubertal onset, progression, and sexual 

maturity are affected by high body burdens of organochlorine chemicals in the 

peripubertal period. Findings from the RCS were instrumental in closing this knowledge 

gap. For instance, we showed that boys with higher serum levels of dioxin, furan and PCB 

toxic equivalents (TEQs) – a measure of AhR-mediated toxicity – on average experienced 

a 5- to 11-month delay in pubertal onset; a 9- to 11-month delay in sexual maturity; and 

more often had lower BMI, fat mass and fat-free mass throughout adolescence (from ages 

8 to 19) (Korrick et al., 2011; Burns et al., 2016, 2019; Sergeyev et al., 2017). Furthermore, 

peripubertal exposure to dioxin TEQs specifically was associated with lower sperm 

concentration, total sperm count and total motile sperm count at age 18-19 (Mínguez-

Alarcón et al., 2017a). On the other hand, boys with the highest peripubertal exposures to 

non-dioxinlike PCBs entered puberty approximately 8 months earlier on average than 

their least exposed peers, and progressed to sexual maturity 6-7 months earlier on 

average (Korrick et al., 2011; Burns et al., 2016; Sergeyev et al., 2017). Nevertheless, in 

terms of growth, non-dioxin-like PCBs showed the same trends as dioxins – namely, 

elevated serum levels in the peripubertal period were associated with lower BMI, fat mass 

and fat-free mass throughout adolescence (Burns et al., 2019). 

Taken together, RCS findings present new evidence that boys’ peripubertal 

exposures to dioxins and non-dioxin-like PCBs may alter timing of puberty, interfere with 



 

11 

  

1
1
 

the pubertal growth spurt, and potentially affect semen quality in adulthood. However, 

questions remain. For instance, despite its strong association with pubertal milestones, 

the non-dioxin-like PCB exposure variable may be problematic, since it sums together all 

PCBs with non-AhR effects, regardless of specific mechanism of toxicity. Is there an 

alternative way to craft this exposure variable? Another question builds on the observed 

shifts in pubertal timing. Are these shifts occurring in parallel with changes in underlying 

sex hormones? Finally, is the pace of pubertal progression likewise affected?  

The sections that follow attempt to address these questions. In the first 

manuscript, we consider alternate means of developing appropriate summary exposure 

variables, using an empirical cluster-based method that does not assume additive effects 

across all non-dioxin-like PCBs. In the second manuscript, we examine if peripubertal 

serum dioxins, furans and PCBs – whether as summed TEQs, summed concentrations, or 

as empirical cluster-based exposures – are associated with changes in serum testosterone, 

FSH and LH. This manuscript also includes a discussion on whether hormonal changes 

may potentially underpin previously observed shifts in pubertal timing. Finally, the last 

manuscript addresses the potential links of peripubertal dioxins, furans and PCBs with 

alterations in the pace of pubertal progression. We conclude this work by considering its 

findings in the larger context of our study’s results, and discussing directions for future 

research.   
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Chapter 2: Peripubertal serum levels of dioxins, furans and PCBs in a 

cohort of Russian boys: can empirical grouping methods yield meaningful 

exposure variables? 

 

Plaku, Bora; Sergeyev, Oleg; Williams, Paige L; Burns, Jane; Lee, Mary; Hauser, 

Russ; 

Korrick, Susan for the Russian Children’s Study. 

 

Abstract 

Background. Dioxins, furans and polychlorinated biphenyls (PCBs) are endocrine 

disruptors with half-lives of months to years in the human body. Exposure to these 

chemicals in the peripubertal period may disrupt timing of puberty and diminish fertility 

later in life. Currently used exposure metrics, such as the lipid-adjusted sum of non-

dioxin-like PCB concentrations in serum (∑NDL-PCBs), are limited because they bring 

together PCBs with different hypothetical effects. We summarized the serum 

concentrations of 45 organochlorines (dioxins, furans, polychlorinated biphenyls) in 

Russian boys into exposure groups, using empirical methods not requiring biological or 

mechanistic knowledge to implement. We sought to understand  whether empirical 

methods could yield chemical groupings that reflect shared biological features, such as 

similar metabolic or toxicity pathways; and the extent to which empirical grouping 

schemes might inform and enrich currently used exposure metrics, such as ∑NDL-PCBs.  

Methods: From 2003-2005, 516 Russian boys aged 8-9 living near a plant that 

historically produced organochlorine pesticides were enrolled in the Russian Children’s 

Study. At enrollment, blood was collected for measurement of organochlorine chemicals 
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by the Centers for Disease Control and Prevention (CDC). Cluster analysis and principal 

component analysis were used to empirically group serum levels of 45 dioxins, furans and 

PCBs into eight summary cluster scores, and seven corresponding principal component 

scores. These scores were then compared to more commonly used exposure metrics, such 

as the sum of dioxin-like toxic equivalents (∑TEQs) and ∑NDL-PCBs, using Spearman 

correlation coefficients. 

Results: Clustering of organochlorine chemicals appeared to be determined by the 

number and location of the chlorine atoms. Clusters 4, 7 and 1 contained PCBs with 

chlorines at the 4,4’ positions, with cluster 4 representing the tri-and tetra-chlorinated 

PCBs, cluster 7 the tetra- and penta-chlorinated PCBs, and cluster 1 the hexa- and hepta-

chlorinaed PCBs. On the other hand, clusters 2, 8 and 5 contained PCBs with chlorines at 

the 2,2’ positions, with cluster 2 containing tetra-, penta-, and hexa-chlorinated PCBs, 

cluster 8 hexa- and hepta-chlorinated PCBs, and cluster 5 hepta/octa-chlorinated PCBs. 

In comparing the empirical cluster scores with more traditional summary measures, 

∑non-dioxin-like PCBs emerged as highly correlated with clusters of the 4,4’ chlorination 

type (clusters 1 and 7, Spearman’s ρ=0.8), but less correlated with the clusters of the 2,2’ 

type (clusters 2, 5 and 8, Spearman’s ρ=0.5), and even less correlated with the 

dioxin/furan clusters (clusters 3 and 6, Spearman’s ρ=0.4), suggesting that the summary 

measure ∑non-dioxin-like PCBs is most reflective of PCBs with chlorination at the 4,4’ 

position.  

Conclusions: In this cohort of Russian boys living near a plant with a history of 

producing organochlorine pesticides, baseline serum levels of dioxins, furans and PCBs 

clustered into exposure groups with seemingly discrete chlorination patterns. This could 

potentially reflect shared persistence, metabolism, or other biological characteristics. The 



 

14 

  

1
4
 

empirical clustering method added to the understanding of the traditional summary 

measure of ∑NDL-PCBs in our cohort, by suggesting that this measure is most reflective 

of highly chlorinated PCBs with 4,4’-chlorination (e.g., clusters 1 and 7).  
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Introduction 

Polychlorinated dibenzo-p-dioxins (PCDDs), dibenzofurans (PCDFs), and 

biphenyls (PCBs) are among the most widespread and persistent of environmental 

pollutants (Bursian, Newsted and Zwiernik, 2011; Holoubek, 2015). Multiple PCDD and 

PCDF congeners are formed as byproducts of industrial activity (Hutzinger et al., 1985); 

while dozens of PCB congeners have been used in industrial mixtures worldwide 

(Takasuga et al., 2006). These lipophilic chemicals are deposited into the environment, 

where they accumulate in the food chain and in human adipose tissue (Béchaux et al., 

2014; Hoogenboom et al., 2015). Once in the human body, they persist for months to 

years, and are metabolized slowly at rates that depend on age and the number and 

position of the chlorine atoms in their molecules (Grandjean et al., 2008; Milbrath et al., 

2009; Grimm et al., 2015; Quinete et al., 2017). The most toxic dioxin, 2,3,7,8-

Tetrachlorodibenzodioxin (TCDD), has a half-life of approximately 7 years in humans, 

while non-dioxin-like PCBs have half-lives ranging from approximately one month for 

PCB 77 to 22 years for PCB 189 (Milbrath et al., 2009). 

PCDDs, PCDFs and PCBs are known to exert endocrine effects in rodents and may 

affect human reproductive function (Gray et al., 2001; Rogan and Ragan, 2003; 

Diamanti-Kandarakis et al., 2009; Meeker and Hauser, 2010; Bergman et al., 2012). In 

particular, they may alter the timing of puberty in children and diminish fertility later in 

life (Minguez-Alarcon et al., 2016; Sergeyev et al., 2017; Greenspan and Lee, 2018; 

Attfield et al., 2019). 

The large number of PCDDs, PCDFs and PCBs presents challenges in studying 

their health effects. Firstly, blood levels of these congeners are highly correlated and may 

confound associations of single compounds with a given health outcome (Longnecker et 
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al., 2000; Covaci et al., 2002). Disentangling their individual associations entails 

modeling all compounds together to control for possible confounding. However, 

oversaturating the model with dozens of congeners may result in high uncertainty in 

model estimates and possible non-convergence or model failure. Furthermore, even 

where this is not the case, modeling multiple congeners requires multiple statistical tests, 

and therefore presents many opportunities to make erroneous inferences by chance. By 

thus inflating the likelihood of observing a false-positive association, multiple testing may 

compromise a study’s validity. Statistical methods that address this issue can be overly 

conservative, as they control false positives at the expense of true positives (Bonferroni, 

1936; Dunn, 1961; Šidák, 1967; Benjamini and Hochberg, 1995; Armstrong, 2014; White, 

van der Ende and Nichols, 2019). Therefore, rather than relying on these corrections, it 

may be preferable to minimize multiple testing in the first place. One way to do so with 

minimal loss of information is by combining many congeners into a small number of 

groups reflecting common exposure sources or expected toxicity patterns.  

In recognition of these issues, multiple grouping schemes have been proposed to 

reduce the number of exposure metrics prior to analysis. The ideal grouping scheme 

would do so in a way that reflects shared toxicity pathways, so that congeners with similar 

toxicities can be combined, and compared to others operating through a different 

pathway. A grouping scheme that achieves these goals is the widely used metric ∑TEQ, 

which weighs PCDDs, PCDFs and dioxin-like PCBs by relative potency of AhR activation, 

then sums them (Van den Berg et al., 2006). This exposure metric reflects the idea that 

dioxin-like chemicals exert most, if not all, of their effects by binding to the AhR – and 

therefore, that they should be grouped together. The value of this metric is that it 

accomplishes two goals: not only does it reduce multiple chemicals into one group for 
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ease of analysis, but it does so in a way that reflects their relative toxicity through a 

common pathway. However, this frequently used summary measure has its limitations. 

Notably, it assumes that aggregate toxicity increases additively as member congeners are 

summed together (Van den Berg et al., 1998). This may not always be the case. For 

instance, PCDDs induce immunosuppression, while non-dioxinlike PCB 153 may enhance 

immune response. Thus, in the presence of PCB 153, the cumulative AhR-mediated 

immune toxicity of the PCDDs may be non-additive, potentially compromising the 

accuracy of the ∑TEQ metric (Van den Berg et al., 1998).  

In terms of PCBs, a variety of biologically based grouping schemes have been 

proposed. Notably, McFarland and Clarke (1989) proposed grouping congeners based, 

among other factors, on the common biological pathway of mixed function oxidase (MFO) 

induction. Wolff et al proposed an alternate grouping scheme that assigned PCBs into one 

of three groups: estrogenic, dioxinlike/antiestrogenic, and highly substituted biologically 

persistent cytochrome P450 (CYP450) isozyme inducers (Wolff and Toniolo, 1995; Wolff 

et al., 1997). Since these grouping schemes are based on hypothesized shared pathways 

of toxicity, they may be of use in combining congeners for ease of analysis, and doing so 

in a biologically meaningful way. Unfortunately, however, unlike the TEQ scheme, these 

proposals do not clarify how best to summarize PCB groups into a workable exposure 

metric. As a consequence, studies on puberty and growth that employ these grouping 

schemes have simply added together concentrations to generate unweighted sums for 

each group (e.g., Chevrier et al., 2007; Lamb et al., 2006; McGlynn et al., 2009). In so 

doing, they have effectively assigned each chemical equal potency within its group, which 

may not be the case. Furthermore, as with TEQs, the summing of concentrations implies 

that the toxic effect, whatever it may be, increases additively as concentrations are added 
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together – an assumption that precludes the possibility of antagonistic or synergistic 

interactions between congeners. 

Lastly, concentrations of non-dioxin-like PCBs have frequently been summed 

together into the unweighted metric ∑PCB (e.g., Brucker-Davis et al., 2008; Burns et al., 

2019, 2016; Eskenazi et al., 2016; Jusko et al., 2012; Wolff et al., 2008). However, the 

interpretation of this exposure metric is unclear. If its intent is to somehow quantify non-

AhR toxicity, it falls short. Not only does it assume equal biological potency for each PCB, 

but it brings together PCBs with different hypothesized biological effects (e.g., Wolff et 

al., 1997). As such, it is unlikely to represent an aggregate measure of any one toxicity 

pathway.  

In short, summary exposure metrics grounded in shared biological effects achieve 

the goal of consolidating congeners for ease of analysis. However, they suffer from 

limitations, notably a lack of clarity regarding common pathways or effects (e.g., ∑non-

dioxin-like PCBs), unknown relative potencies (∑non-dioxin-like PCBs, ∑Wolff 

groupings); and an inability to incorporate synergistic or antagonistic effects (i.e., ∑PCBs, 

∑TEQs, ∑Wolff groupings). For these reasons, it may be desirable to supplement these 

biologically based metrics with more empirical ones, which require no a priori knowledge 

of these issues. 

The goal of the current analysis is to derive empirical exposure metrics that 

summarize PCDDs, PCDFs and PCBs, using data from an existing children’s cohort, the 

Russian Children’s Study, conducted in a small city historically producing organochlorine 

pesticides (Burns et al., 2009). Prior publications from this cohort have examined 

longitudinal associations of  ∑TEQs, ∑non-dioxin-like PCBs, and other summary 

measures with pubertal, growth and reproductive outcomes in boys (Korrick et al., 2011; 
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Minguez-Alarcon et al., 2016; Sergeyev et al., 2017; Burns et al., 2019). The current work 

1) generates empirical exposure metrics from principal component analysis and cluster 

analysis using data from the Russian Children’s Study; 2) discusses potential 

interpretations for these summary exposure metrics; and 3) compares the data-driven 

summary metrics with the traditionally used metrics of ∑TEQs and ∑PCBs. The central 

questions driving this work are whether empirical methods yield congener groups that 

reflect sources of shared exposure, or similar metabolic or toxicity pathways; and to what 

extent these groupings capture different information from the currently used ∑TEQs and 

∑PCBs, and are therefore of interest as supplementary exposure metrics in further 

regression analyses. 

Methods 

Study Population 

The Russian Children’s Study is a cohort of Russian boys residing near the Middle 

Volga Chemical Plant, i.e., SVZH, also referred to as Khimprom in our prior publications 

(Revich et al., 2001; Hauser et al., 2005; Sergeyev et al., 2007; Revich and Shelepchikov, 

2008). This plant has a long history of producing and storing chlorinated organic 

compounds, including derivatives of hexachlorocyclohexane, e.g. γ-

hexachlorocyclohexane (lindane) and β-hexachlorocyclohexane (β-HCH), 

hexachlorobenzene (HCB), pentachlorophenol, polychlorcamphene (toxaphen) until 

1987, and other chlorinated chemicals (liquid chlorine, perchloric acid, methyl 

chloroform, and vinyl chloride) until its closure in 2003 (Revich et al., 2001). Due to its 

proximity to the plant, and the widespread consumption of locally produced foods, the 

surrounding community has been exposed to high levels of chlorinated chemicals since 

at least 1949 (Sergeyev et al., 2007). From 2003 to 2005, the Russian Children’s Study 
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enrolled a cohort of 516 boys aged 8-9 years from this community, and followed them 

annually until ages 18-19 (Burns et al., 2019). Each boy underwent a physical examination 

at enrollment and yearly thereafter. In addition, each boy provided a fasting blood sample 

at enrollment and every two years thereafter. Blood collected at enrollment was analyzed 

for PCDDs, PCDFs, PCBs and sex hormones; blood collected during follow-up was 

analyzed for hormones. Our analysis excluded boys with no baseline blood draws (n=15) 

or with missing values for all congeners (n=3), leaving 498 boys with measurements of 

PCDDs, PCDFs and PCBs. The study was approved by the human studies institutional 

review boards of the Chapaevsk Medical Association, Harvard T. H. Chan School of Public 

Health, Nemours Pediatric Health, and Brigham and Women’s Hospital. The parent or 

guardian signed an informed consent form and the boy an assent form prior to 

participation. 

Exposure Biomarker Quantification 

The boys’ serum concentrations of PCDDs, PCDFs and PCBs were quantified from 

a single fasting blood sample obtained at study entry at ages 8-9 years. All samples were 

analyzed at the National Center for Environmental Health, Centers for Disease Control 

and Prevention (NCEH, CDC) as described elsewhere (Burns et al., 2009; Korrick et al., 

2011). Briefly, the congeners were isolated from serum by a C18 solid phase extraction 

(SPE), then separated on a DB-5 MS capillary column followed by a multi-column 

automated cleanup and enrichment procedure, and finally quantified using high-

resolution mass spectrometry (Patterson et al., 1987; Turner et al., 1997; Barr et al., 2003; 

Sjödin et al., 2003).  

Statistical Analyses 

We evaluated serum concentrations of PCDD, PCDF and PCB congeners from 498 
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boys. We included 45 congeners  with at least 50% of values above the limit of detection 

(LOD), since readings below the LOD are subject to greater variability (Hauser et al., 

2005). For the included congeners, if an individual had serum concentrations below LOD, 

we used their actual machine-read  values instead of imputing a function of the LOD (i.e., 

LOD/√2), since this approach is thought to lead to less bias (Kim et al., 1995). We applied 

a natural log transformation  to all selected congeners to reduce the influence of outliers. 

However, certain boys had serum concentrations reported as zero for specific congeners. 

To avoid the loss of these data, we replaced wet-weight concentrations of zero with values 

equivalent to 10% of the minimum concentration for that specific congener, prior to 

applying the natural log transformation.  

The analytic dataset of 498 boys excluded three boys for whom all congener 

measures were missing. For boys missing some but not all congeners, missing values were 

imputed using the expectation-maximization (EM) algorithm (Dempster, Laird and 

Rubin, 1977). The variables used in the imputation included all the congeners under 

consideration, as well as the following previously identified predictors of congener levels 

in serum: boys’ BMI WHO Z-score, distance of current residence from the Khimprom 

plant in kilometers; mother’s local gardening; mother ever employed at Khimprom; boys’ 

age in years; weeks breastfed; years living in Chapaevsk; consumption of local dairy, eggs, 

fish, non-poultry meat, and poultry; maximum parental education (high school or less, 

some college or junior college, and college graduate or post-graduate); and quintile of 

locally grown fruits or vegetables consumed (Burns et al., 2009). The EM algorithm 

imputed missing values as follows: n=62 for PCBs 28, 44, 49, 52 and 66; n=26 for PCB 

194; n=14 for PCB 177; and 10 or fewer missing values for the remaining congeners.  Due 

to higher levels of imputed values for certain congeners, sensitivity analyses were 
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performed excluding congeners with more than 25 imputed values.  

Principal Component Analysis 

Two data reduction techniques were implemented: principal component analysis 

(PCA) and variable cluster analysis. PCA reduces a large number of correlated variables 

into a smaller number of uncorrelated and independent components, representing linear 

combinations of the original variables, with the first component explaining the most 

variability and the last explaining the least (Pearson, 1901; Hotelling, 1933; Rao, 1964; 

Cooley and Lohnes, 1971; Kshirsagar, 1972; Morrison, 1976; Gnanadesikan, 1977; Mardia, 

1979). In the current analysis, PCA was applied to exposure data that had been natural-

log transformed and standardized (by subtracting the overall mean and dividing by the 

standard deviation) so that all congeners were on the same scale. Multivariate normality 

of the exposure variables was assumed (Kim and Kim, 2012). To more clearly separate 

components, PCA axes were rotated using Varimax rotation, which, to the extent possible, 

maximizes a given variable’s loadings on one component and minimizes its loadings on 

all others (Kaiser, 1958). Finally, a score was calculated for each component, representing 

the linear combination of all the variable loadings for that particular component.  

PCA-Based Variable Clustering 

In traditional PCA, all variables contribute to all principal components, making the 

components difficult to interpret. Improving interpretability requires the ability to cluster 

variables into disjoint groups, such that any given variable contributes to one and only 

one cluster, group or component. Variable clustering methods are available, which build 

on existing PCA techniques – for example, by iteratively separating variables into clusters 

using information from calculated principal components (Harris and Kaiser, 1964; 

Anderberg, 1973; Harman, 1976). 
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We applied a divisive variable cluster analysis to the log-transformed and 

standardized (as described above) congener concentrations. The algorithm calculates the 

first two principal components from all variables, then applies the orthoblique rotation to 

the components. Next, it assigns each variable to the component on which it loaded 

highest, forming two clusters. The process is then repeated, splitting each cluster into two 

until the specified criterion is met. At that point, clustering ceases. As a final step, a score 

is calculated for each cluster by taking a linear combination of all the variables in that 

cluster. Unlike component scores, each variable contributes to only one cluster score. 

Although there are several criteria for selecting the number of clusters, we based selection 

on the eigenvalue criterion, which iteratively splits clusters into smaller subgroups until 

each cluster contains only principal component with an eigenvalue of 1 or greater.   

Comparison between Grouping Schemes 

Given the prior published literature from the Russian Children’s Study, it was of 

interest to compare scores generated from the PCA and cluster analyses against other 

summary measures evaluated in this cohort, such as ∑TEQs and ∑non-dioxin-like PCBs 

(Burns et al., 2019; also see review by Sergeyev et al., 2017). Spearman correlations were 

generated between empirical scores and prior summary measures. The goal of these 

comparisons was to gain insight into overlaps and differences between empirical 

groupings and the previously used summary measures of ∑TEQs, ∑non-dioxin-like PCBs, 

and others. All data management and analyses were conducted using SAS/STAT(R) 9.4 

(SAS Institute Inc., 2002).  

Results 

Population characteristics 

The 498 boys in the Russian Children’s Study with available data on PCDD, PCDF, 
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and PCB congeners of interest enrolled at a mean age of 8.4 years (SD=0.5) and had a 

mean BMI of 15.9 (SD=2.3), with 5.6% underweight and 6.4% obese at study entry. The 

majority (87%) of boys were breastfed, and 32% had a parent who had completed college. 

Demographic characteristics are presented in Table 2. 
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Table 2. Demographic  characteristics of the 498 boys and their parents in the Russian 

Children’s Study at enrollment in 2003-2005. 

Characteristic a Mean (SD) f or N (%) 

Age, years 8.4 (0.5) 

Height, cm 129.9 (6.3) 

Weight, kg 27.0 (5.5) 

BMI, kg/m² 15.9 (2.3) 

BMI Z-Score b -0.18 (1.27) 

Underweight, n (%) c 28 (5.6) 

Obese, n (%) d 32 (6.4) 

Caloric intake, Kcal 2818 (985) 

% Kcal fat, mean (SD) 33.9 (5.9) 

% Kcal protein, mean (SD) 11.6 (1.6) 

% Kcal carbohydrates, mean (SD) 54.6 (6.5) 

Gestation age at birth, Weeks 39.0 (1.8) 

Birthweight, kg 3.34 (0.53) 

Blood lead levels, ug/dL 
 

   Arithmetic mean (SD) 3.94 (2.81) 

   Geometric mean (SD) 3.32 (0.09) 

Maternal smoking during pregnancy, n (%) 229 (48.6) 

Breastfed, n (%) 415 (87.2) 

Monthly family income <163 USD, n (%) e 171 (35.5) 

Highest parental education, n (%) 
 

  High school or less 38 (8.0) 

  Some college or junior college 285 (59.6) 

  College graduate 155 (32.4) 

Biological father lives in home, n (%) 314 (65.2) 

Abbreviations: BMI: Body Mass Index; SD: Standard Deviation 

Observations where all Table 2 congeners were missing (n=3) have been excluded. 
a Summary statistics for each characteristic were calculated among those with non-missing 

data for each characteristic. Missing information: n=19 for Calories, Fat, Protein and 

Carbohydrates; n=20 for Gestation; n=19 for birthweight; n=1 for blood lead levels; n=27 

for gestational smoking; n=22 for breastfeeding; n=16 for parental income and biological 

father present; and n=20 for parental education. 
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b WHO sex- and age-adjusted Z-score: http://www.who.int/childgrowth/en. 
c WHO threshold for underweight is BMI Z-score < -2: http://www.who.int/childgrowth/en. 
d WHO threshold for obese is BMI Z-score > 2: http://www.who.int/childgrowth/en. 
e Corresponds to 4999 Russian Rubles. Converted to USD using average exchange rate in 

2003 (1 USD = 30.692 Russian Rubles). OECD (2019), Exchange rates (indicator). doi: 

10.1787/037ed317-en. 
f Arithmetic mean and SD, unless otherwise noted. 

 

Table 3 presents summary statistics for all the serum congeners measured in the 

Russian Children’s Study. Median lipid-adjusted concentrations (ng/g lipid) in the 

Russian Children’s Study generally overlapped with the 95th percentile of measured levels 

in US children aged 12-19 (CDC, 2019). Twelve of the congeners had measured values that 

fell below the LOD in over 50% of the boys and were thus excluded from further analyses, 

leaving 45 congeners in the final analytical dataset.  
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Table 3. Distribution of congeners measured in the serum of 498 boys in the Russian Children’s Study 

Congener (ng/g lipid) a % Below LOD Min b 25th Percentile b Median b 75th Percentile b Max b 

PCDD       

2,3,7,8-TCDD  26.8 0 0 0.003 0.004 0.045 

1,2,3,7,8-PeCDD  28.1 0 0 0.004 0.007 0.051 

1,2,3,4,7,8-HxCDD  63.1 0 0 0 0.003 0.050 

1,2,3,6,7,8-HxCDD  12.4 0 0.005 0.009 0.016 0.11 

1,2,3,7,8,9-HxCDD  52.3 0 0 0.002 0.004 0.043 

1,2,3,4,6,7,8-HpCDD  1.4 0 0.008 0.012 0.019 0.22 

OCDD  0.6 0.019 0.068 0.095 0.134 1.00 

PCDF       

2,3,7,8-TCDF  91.6 0 0 0 0 0.013 

1,2,3,7,8-PeCDF  83.2 0 0 0 0 0.025 

2,3,4,7,8-PeCDFF  3.4 0 0.006 0.009 0.014 0.25 

1,2,3,4,7,8-HxCDF  2.8 0 0.004 0.007 0.012 0.61 

1,2,3,6,7,8-HxCDF  11.0 0 0.003 0.004 0.007 0.15 

1,2,3,7,8,9-HxCDF  99.4 0 0 0 0 0.005 

2,3,4,6,7,8-HxCDF  88.2 0 0 0 0 0.010 

1,2,3,4,6,7,8-HpCDF  8.0 0 0.005 0.007 0.011 0.086 

1,2,3,4,7,8,9-HpCDF  85.4 0 0 0 0 0.007 

OCDF  26.0 0 0.001 0.002 0.005 0.041 

c-PCB       

Tetra-PCB 77 39.7 0.018 0.048 0.088 0.13 1.3 
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Table 3 (Continued) 

       

Tetra-PCB 81 42.5 0 0.006 0.008 0.012 0.42 

Penta-PCB 126 1.0 0 0.04 0.06 0.08 0.65 

Hexa-PCB 169 2.4 0 0.011 0.017 0.029 0.12 

m-PCB       

Penta-PCB 105 2.4 0 5.0 7.4 10.9 334.4 

Penta-PCB 118 2.0 0 22.8 32.9 48.6 1074.6 

Hexa-PCB 156 3.0 0 3.7 5.8 10.7 76.8 

Hexa-PCB 157 15.0 0 1.1 1.8 3.3 26.5 

Hexa-PCB 167 13.6 0 1.3 2.1 3.4 39.4 

Hepta-PCB 189 73.3 0 0 0 0.34 9.8 

NDL-PCB       

Tri-PCB 28 13.2 0.73 3.6 6.2 34.5 420.5 

Tetra-PCB 44 33.3 0 0.66 1.1 3.7 91.2 

Tetra-PCB 49 13.2 0 0.41 0.70 2.8 43.9 

Tetra-PCB 52 1.8 0 1.1 2.0 5.3 63.6 

Tetra-PCB 66 0.6 0 2.5 3.9 6.7 141.6 

Tetra-PCB 74 3.0 3.5 10.9 16.4 24.2 429.0 

Penta-PCB 87 26.8 0 1.1 2.1 3.2 79.6 

Penta-PCB 99 1.8 5.3 15.6 22.7 33.4 602.3 

Penta-PCB 101 25.0 0 1.2 2.4 4.1 81.6 

Penta-PCB 110 32.7 0 0.88 1.9 3.2 92.9 
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Table 3 (Continued) 

       

Hexa-PCB 128 33.3 0 0.36 0.83 1.4 35.7 

Hexa-PCB 138-158 1.8 0 26.5 39.8 64.6 551.2 

Hexa-PCB 146 5.0 0 2.3 3.5 5.7 43.2 

Hexa-PCB 149 33.9 0 0.64 1.1 1.8 18.2 

Hexa-PCB 151 45.1 0 0.22 0.45 0.75 6.8 

Hexa-PCB 153 1.6 8.7 27.9 42.3 71.6 436.5 

Hepta-PCB 170 3.2 0 3.8 6.0 10.5 97.3 

Hepta-PCB 172 43.5 0 0 0.39 0.88 11.6 

Hepta-PCB 177 35.7 0 0 0.97 1.9 26.0 

Hepta-PCB 178 43.5 0 0 0.53 1.0 15.2 

Hepta-PCB 180 2.0 1.8 7.8 12.9 22.9 312.1 

Hepta-PCB 183 18.4 0 1.0 1.7 2.8 39.4 

Hepta-PCB 187 9.8 0 1.8 3.0 5.2 86.7 

Octa-PCB 194 36.5 0 0 0.98 1.9 57.1 

Octa-PCB 195 60.3 0 0 0.27 0.68 18.6 

Octa-PCB 196-203 29.9 0 0.33 0.84 1.6 37.5 

Octa-PCB 199 29.7 0 0.29 0.81 1.6 42.1 

Octa-PCB 206 60.9 0 0 0.33 0.57 14.6 

Octa-PCB 209 52.3 0 0.40 0.65 1.0 13.0 

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: Polychlorinated dibenzofurans; PCBs: Polychlorinated 

biphenyls; C-PCBs: coplanar PCBs; M-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs.  
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a Boys for whom all congeners were missing (n=3) were excluded. Among the 498 included boys, missingness was as follows: 

n=62 boys had missing values for PCBs 28, 44, 49, 52 and 66; n=35 for PCB 209; n=26 for PCB 194; n=24 for PCB 195; n=20 

for PCB 206; n=14 for PCB 177; n=13 for PCB 189; n=10 for PCB 167; n=8 for PCBs 157, 170, 196-203 and 199; n=7 for 128, 156, 

172 and 180; n=6 for PCBs 99, 101, 178, 183, 187; n=5 for PCBs 74, 87, 105, 110, 118, 138-158, 146, 149, 151, 153; and n=2 for 

1,2,3,4,6,7,8-HpCDF and 1,2,3,4,7,8,9-HpCDF. Missing values were not imputed for the purpose of summary measures, and are 

not included in summary measure calculations.  

b Actual machine readings were available and used in all cases, even where values fell below LOD. A value of 0 indicates a 

concentration of 0.  

 



 

31 

  

3
1
 

Principal component analysis and cluster analysis 

We identified seven component scores (PC1-PC7) using PCA, and eight cluster 

scores by the variable cluster analysis method. Together, PC1-PC7 explained 72% of the 

total variability in the data, while cluster scores 1-8 explained 67%. Both sets of scores 

represent linear combinations of congeners, weighted by each congener’s correlation to 

its component or cluster; however, they differ in the number of congeners they 

summarize. In particular, principal component scores reflect contributions from all 

congeners; the congeners most highly correlated with a component make the highest 

contribution to its score, and can be said to “dominate” that component score. By contrast, 

in cluster analysis, congeners are assigned to only one cluster based on their highest 

correlation; thus, cluster scores reflect contributions from assigned congeners only. 

Varimax rotated factor loadings for PC1-PC7 are shown in Table 4, and cluster diagnostics 

in Table 5.  
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Table 4. Principal component loadings of congeners in serum of 498 boys from Russian Children’s Study at enrollment, 2003-

2005 a 

   Varimax Rotated Principal Component Loadings b 

Group Congener Median  

(ng/g lipid) 

PC 1 PC 2 PC 3 PC 4 PC 5 PC 6 PC 7 

PCDDs 

  log pg/g lipid 

2,3,7,8-TCDD 0.003 0.13 0.23 0.14 0.29 -0.05 0.55 0.15 

1,2,3,7,8-PeCDD 0.004 0.11 0.27 -0.01 0.44 0.02 0.59 0.05 

1,2,3,6,7,8-HxCDD 0.009 0.22 0.21 -0.12 0.52 -0.07 0.45 0.13 

1,2,3,4,6,7,8-HpCDD 0.012 0.15 0.22 0.28 0.32 0.12 0.07 0.76 

OCDD 0.095 0.15 0.19 0.25 0.06 -0.03 0.11 0.85 

PCDFs 

  log pg/g lipid 

2,3,4,7,8-PeCDFF 0.009 0.22 0.20 -0.04 0.75 -0.02 0.28 -0.03 

1,2,3,4,7,8-HxCDF 0.007 0.19 0.21 0.07 0.74 0.06 0.13 0.13 

1,2,3,6,7,8-HxCDF 0.004 0.12 0.22 0.05 0.77 0.06 0.24 -0.07 

1,2,3,4,6,7,8-HpCDF 0.007 0.01 0.08 -0.13 0.59 -0.09 -0.09 0.32 

OCDF 0.002 -0.03 -0.12 0.08 0.26 -0.59 -0.08 0.17 

C-PCBs 

  log pg/g lipid 

Tetra-PCB 77 0.088 -0.11 0.21 0.08 0.07 0.81 -0.03 0.10 

Tetra-PCB 81 0.008 -0.09 0.30 0.24 0.41 0.65 -0.08 -0.01 

Penta-PCB 126 0.06 0.14 0.65 0.20 0.34 0.20 -0.07 0.08 

Hexa-PCB 169 0.017 0.39 0.34 -0.05 0.31 0.10 0.56 -0.07 

M-PCBs 

  log ng/g lipid 

Penta-PCB 105 7.4 0.15 0.82 0.30 0.18 0.06 0.00 0.05 

Penta-PCB 118 32.9 0.18 0.82 0.24 0.19 0.10 0.02 0.11 

Hexa-PCB 156 5.8 0.51 0.64 -0.02 0.09 0.16 0.37 0.04 

Hexa-PCB 157 1.8 0.55 0.42 0.12 -0.01 0.09 0.26 -0.07 
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Table 4 (Continued) 

         

Hexa-PCB 167 2.1 0.55 0.56 0.06 0.09 -0.05 -0.02 0.04 

NDL-PCBs 

  log ng/g lipid 

Tri-PCB 28 6.2 0.14 0.21 0.59 0.02 0.61 0.09 0.20 

Tetra-PCB 44 1.1 0.36 0.05 0.73 -0.04 0.40 0.04 0.13 

Tetra-PCB 49 0.70 0.39 -0.01 0.69 -0.07 0.43 0.08 0.14 

Tetra-PCB 52 2.0 0.21 0.16 0.77 0.02 0.33 0.09 0.20 

Tetra-PCB 66 3.9 -0.05 0.58 0.55 0.13 0.40 -0.02 0.11 

Tetra-PCB 74 16.4 0.13 0.77 0.23 0.16 0.21 0.21 0.11 

Penta-PCB 87 2.1 0.39 0.09 0.71 -0.03 -0.02 0.05 0.03 

Penta-PCB 99 22.7 0.25 0.82 0.25 0.14 0.06 0.18 0.12 

Penta-PCB 101 2.4 0.00 0.14 0.71 -0.03 -0.09 -0.01 0.01 

Penta-PCB 110 1.9 0.09 0.25 0.79 -0.04 0.09 0.08 0.12 

Hexa-PCB 128 0.83 0.48 0.17 0.45 0.10 -0.18 -0.32 -0.03 

Hexa-PCB 138-158 39.8 0.42 0.77 0.10 0.16 0.13 0.29 0.11 

Hexa-PCB 146 3.5 0.50 0.55 0.16 0.15 0.10 0.21 0.05 

Hexa-PCB 149 1.1 0.20 0.22 0.69 0.07 -0.11 -0.11 0.02 

Hexa-PCB 151 0.45 0.55 0.07 0.52 0.09 -0.04 -0.18 0.06 

Hexa-PCB 153 42.3 0.50 0.71 0.05 0.15 0.16 0.36 0.11 

Hepta-PCB 170 6.0 0.58 0.54 -0.04 0.14 0.20 0.29 0.05 

Hepta-PCB 172 0.39 0.71 0.12 0.44 0.00 -0.02 0.15 0.07 

Hepta-PCB 177 0.97 0.68 0.11 0.54 0.04 -0.06 0.07 0.11 

Hepta-PCB 178 0.53 0.76 0.18 0.19 0.03 -0.06 0.16 0.15 
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Table 4 (Continued) 

         

Hepta-PCB 180 12.9 0.61 0.57 -0.02 0.17 0.20 0.36 0.10 

Hepta-PCB 183 1.7 0.63 0.34 0.15 0.21 -0.08 -0.02 0.02 

Hepta-PCB 187 3.0 0.64 0.32 0.13 0.13 0.03 0.14 0.03 

Octa-PCB 194 0.98 0.80 0.15 0.19 0.07 0.01 0.04 0.04 

Octa-PCB 196-203 0.84 0.77 0.10 0.16 0.15 0.02 0.09 0.03 

Octa-PCB 199 0.81 0.84 0.11 0.12 0.14 0.03 0.01 0.07 

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; C-PCBs: coplanar PCBs; M-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs; PC: principal component. 

a Observations where all congeners were missing (n=3) have been excluded; congeners with >50% observations below LOD 

have been excluded; EM algorithm has been used to impute remaining missing values: n=62 for PCBs 28, 44, 49, 52 and 66; 

n=26 for PCB 194; n=14 for PCB 177; n=10 for PCB 167; n=8 for PCBs 157, 170, 196-203 and 199; n=7 for 128, 156, 172 and 180; 

n=6 for PCBs 99, 101, 178, 183, 187; n=5 for PCBs 74, 87, 110, 118, 138-158, 146, 149, 151, 153; n=2 for 1,2,3,4,6,7,8-HpCDF. EM 

algorithm includes the congeners themselves, as well as the following predictors of the congeners (Burns et al., 2009): boys’ 

BMI WHO Z-score, distance of current residence from the Khimprom plant, km; mother’s local gardening; mother ever 

employed at Khimprom; Boys’ age, years; weeks breastfed; years living in Chapaevsk; eaten local dairy; eaten local eggs; eaten 

local fish; eaten local non-poultry meat; eaten local poultry; maximum parental education (high school or less, some college or 

junior college, and college graduate or post-graduate); and quintile of locally grown fruits/veggies consumed. 

b Seven principal components selected based on eigenvalues >1. Together, they explain 71.3% of the variance. 
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Table 5. Cluster diagnostics for congeners in serum of 498 boys from Russian Children’s Study at enrollment, 2003-2005 

 Cluster 

% Variation in cluster 

members explained 

by cluster component Cluster member 

 1-R2 

Ratio 

Correlation 

Next closest cluster 

component 

With own 

cluster 

component 

With next 

closest cluster 

component 

1 73.7% Hexa-PCB 138-158 0.49 0.93 0.86 cluster 7 

  
Hexa-PCB 146 0.56 0.82 0.65 cluster 5 

  
Hexa-PCB 153 0.19 0.97 0.82 cluster 7 

  
Hexa-PCB 156 0.32 0.92 0.71 cluster 7 

  
Hexa-PCB 157 0.69 0.75 0.60 cluster 5 

  
Hexa-PCB 167 0.79 0.73 0.64 cluster 5 

  
Hexa-PCB 169 0.72 0.73 0.60 cluster 3 

  
Hepta-PCB 170 0.38 0.89 0.67 cluster 5 

  Hepta-PCB 180 0.23 0.95 0.74 cluster 5 

2 64.9% Penta-PCB 101 0.74 0.63 0.43 cluster 8 

  
Penta-PCB 110 0.40 0.84 0.52 cluster 8 

  
Hexa-PCB 149 0.75 0.71 0.57 cluster 8 

  
Tetra-PCB 44 0.36 0.89 0.64 cluster 8 

  
Tetra-PCB 49 0.42 0.86 0.62 cluster 8 

  
Tetra-PCB 52 0.37 0.88 0.63 cluster 4 

  Penta-PCB 87 0.68 0.79 0.68 cluster 8 

3 53.0% 2,3,7,8-TCDD 0.80 0.60 0.44 cluster 1 

  
1,2,3,7,8-PeCDD 0.63 0.72 0.49 cluster 1 
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Table 5 (Continued) 

       

  
1,2,3,6,7,8-HxCDD 0.55 0.76 0.48 cluster 1 

  
2,3,4,7,8-PeCDFF 0.43 0.82 0.49 cluster 1 

  
1,2,3,4,7,8-HxCDF 0.45 0.80 0.44 cluster 1 

  
1,2,3,6,7,8-HxCDF 0.40 0.82 0.43 cluster 1 

  1,2,3,4,6,7,8-HpCDF 0.79 0.51 0.26 cluster 6 

4 58.0% OCDF 0.84 -0.41 -0.12 cluster 1 

  Tri-PCB 28 0.59 0.85 0.73 cluster 2 

  
Tetra-PCB 66 0.66 0.84 0.74 cluster 7 

  Tetra-PCB 77 0.42 0.78 0.29 cluster 7 

  Tetra-PCB 81 0.40 0.83 0.46 cluster 7 

5 66.9% Hepta-PCB 178 0.62 0.82 0.69 cluster 8 

  
Hepta-PCB 183 0.66 0.76 0.60 cluster 1 

  
Hepta-PCB 187 0.76 0.76 0.67 cluster 1 

  
Octa-PCB 194 0.54 0.85 0.69 cluster 8 

  
Octa-PCB 196-203 0.48 0.84 0.62 cluster 8 

  Octa-PCB 199 0.47 0.87 0.68 cluster 8 

6 86.8% 1,2,3,4,6,7,8-HpCDD 0.17 0.93 0.46 cluster 7 

  OCDD 0.16 0.93 0.40 cluster 2 

7 79.7% Penta-PCB 105 0.29 0.92 0.67 cluster 1 

  Penta-PCB 118 0.25 0.93 0.70 cluster 1 

  
Penta-PCB 126 0.52 0.81 0.58 cluster 1 
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Table 5 (Continued) 

       

8 69.5% Tetra-PCB 74 0.48 0.88 0.72 cluster 1 

  Penta-PCB 99 0.41 0.92 0.80 cluster 1 

  Hexa-PCB 128 0.56 0.76 0.51 cluster 5 

  
Hexa-PCB 151 0.56 0.80 0.61 cluster 2 

  Hepta-PCB 172 0.56 0.87 0.75 cluster 5 

  Hepta-PCB 177 0.45 0.89 0.74 cluster 5 

Together, clusters 1-8 explain 67.3% of the total variation in the data.  

1-R2 ratio is an indicator of how well each chemical fits into the cluster to which it was assigned. A low 1-R2 ratio indicates that a 

chemical fits well into its assigned cluster.  

PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated biphenyls. 

Observations where all congeners were missing (n=3) have been excluded; EM algorithm used to impute remaining missing 

values: n=62 for PCBs 28, 44, 49, 52 and 66; n=26 for PCB 194; n=14 for PCB 177; n=10 for PCB 167; n=8 for PCBs 157, 170, 

196-203 and 199; n=7 for 128, 156, 172 and 180; n=6 for PCBs 99, 101, 178, 183, 187; n=5 for PCBs 74, 87, 110, 118, 138-158, 

146, 149, 151, 153; n=2 for 1,2,3,4,6,7,8-HpCDF. EM algorithm includes the congeners themselves, as well as previously 

identified predictors of the congeners (Burns et al., 2009).  
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Table 6 and Table 7 show congeners that contributed to the cluster and principal 

component scores respectively, along with the configuration of their chlorine atoms. Two 

main findings are apparent from these tables. Firstly, congeners clustered together based 

not only on the number of their chlorines, but also on their position (Figure 1). For 

instance, tetra- and penta-chlorinated PCBs were generally assigned to cluster 2 if they 

were chlorinated at the 2, 2’ and 5’ positions, and to cluster 7 if they were chlorinated at 

the 2, 4 and 4’ position. Similarly, hexa- and hepta-PCBs were generally assigned to 

cluster 1 if chlorinated at the 2,4 and 4’ positions, and to cluster 8 if chlorinated at the 2,2’ 

and 3 positions (Figure 1). The second finding is that the cluster analysis was broadly 

consistent with the PCA in terms of grouping congeners, whereby congeners that 

clustered together in the former also tended to dominate the same component in the 

latter. For instance, dioxins and furans with chlorines at positions 2, 3, 7 and 8 dominated 

principal components 6 and 4, and grouped together in cluster 3; tri- and tetra-

chlorinated PCBs with chlorines at 4 and 4’ dominated principal component 5 and 

grouped together in cluster 4; etc. (Figure 1).  
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Table 6. Clusters and chlorination patterns for serum congeners among 498 boys in the Russian Children’s Study 

Cluster Congener Chlorination pattern 

  1 2 3 4 5 6 7 8 9 1' 2' 3' 4' 5' 6' 7' 8' 9' 

CL3: dioxins and 

furans with 

chlorines at 

2,3,7,8 

2,3,7,8-TCDD  X X    X X           

1,2,3,7,8-PeCDD X X X    X X           

1,2,3,6,7,8-HxCDD X X X   X X X           

2,3,4,7,8-PeCDFF  X X X   X X           

1,2,3,4,7,8-HxCDF X X X X   X X           

1,2,3,6,7,8-HxCDF X X X   X X X           

1,2,3,4,6,7,8-HpCDF X X X X  X X X           

CL6: dioxins with 

chlorines at 

1,2,3,4,6,7,8 

1,2,3,4,6,7,8-

HpCDD 
X X X X  X X X           

OCDD X X X X  X X X X          

CL4: tri/tetra 

PCBs with 

chlorines at 4,4' 

inversely corr. 

with OCDF 

OCDF X X X X  X X X X          

Tri-PCB 28  X  X         X      

Tetra-PCB 66  X  X        X X      

Tetra-PCB 77   X X        X X      

Tetra-PCB 81   X X X        X      

CL2: tetra/penta 

PCBs with 

chlorines at 2, 2', 

5' 

Tetra-PCB 44  X X        X   X     

Tetra-PCB 49  X  X       X   X     

Tetra-PCB 52  X   X      X   X     

Penta-PCB 87  X X X       X   X     

Penta-PCB 101  X  X X      X   X     
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Table 6 (Continued)  

                   

Penta-PCB 110  X X   X      X X      

Hexa-PCB 149  X X   X     X  X X     

CL7: tetra/penta 

PCBs with 

chlorines at 2,4,4' 

Tetra-PCB 74  X  X X        X      

Penta-PCB 99  X  X X      X  X      

Penta-PCB 105  X X X        X X      

Penta-PCB 118  X X X X        X      

Penta-PCB 126   X X X       X X      

CL1: hexa/hepta 

PCBs with 

chlorines at 

2,3,4,4' 

 

Hexa-PCB 138  X X X       X  X X     

Hexa-PCB 158  X X X  X      X X      

Hexa-PCB 146  X X  X      X X  X     

Hexa-PCB 153  X  X X      X  X X     

Hexa-PCB 156  X X X X       X X      

Hexa-PCB 157  X X X        X X X     

Hexa-PCB 167  X  X X       X X X     

Hexa-PCB 169   X X X       X X X     

Hepta-PCB 170  X X X X      X X X      

Hepta-PCB 180  X X X X      X  X X     

CL8: hexa/hepta 

PCBs with 

chlorines at 

2,3,4,2' 

Hexa-PCB 128  X X X       X X X      

Hexa-PCB 151  X X  X X     X   X     

Hepta-PCB 172  X X X X      X X  X     

Hepta-PCB 177  X X X       X X  X X    
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Table 6 (Continued) 

 

CL5: hepta/octa 

PCBs with 

chlorines at 2,3,2' 

Hepta-PCB 178  X X  X X     X X  X     

Hepta-PCB 183  X X X  X     X  X X     

Hepta-PCB 187  X X  X X     X  X X     

Octa-PCB 194  X X X X      X X X X     

Octa-PCB 196  X X X X      X X X  X    

Octa-PCB 199  X X X X      X X  X X    

Octa-PCB 203  X X X X X     X  X X     

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; C-PCBs: coplanar PCBs; M-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs; Tri-, Tetra-, Penta-, Hexa-, Hepta- and Octa- refer to number of chlorine atoms of a particular congener. 
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Table 7. Principal components and chlorination patterns for serum congeners among 498 boys in the Russian Children’s Study 

 
Congener with >0.6  

Varimax rotated 

loadings 

Chlorination pattern 

Principal component 1 2 3 4 5 6 7 8 9 1' 2' 3' 4' 5' 6' 7' 8' 9' 

PC6:  dioxins with 

chlorines  at 2, 3, 7, 8 

2,3,7,8-TCDD  X X    X X           

1,2,3,7,8-PeCDD X X X    X X           

Hexa-PCB 169   X X X       X X X     

PC4:  furans with 

chlorines at 2, 3, 7, 8 

2,3,4,7,8-PeCDFF  X X X   X X           

1,2,3,4,7,8-HxCDF X X X X   X X           

1,2,3,6,7,8-HxCDF X X X   X X X           

PC7:  dioxins with 

chlorines at 1, 2, 3, 4, 6, 

7, 8 

1,2,3,4,6,7,8-HpCDD X X X X  X X X           

OCDD X X X X  X X X X          

PC5: 

tri and tetra-PCBs with 

chlorines at 4, 4' 

Tri-PCB 28  X  X         X      

Tetra-PCB 77   X X        X X      

Tetra-PCB 81   X X X        X      

PC3: 

tetra/penta PCBs with 

chlorines at 2, 2', 5' 

Tetra-PCB 44  X X        X   X     

Tetra-PCB 49  X  X       X   X     

Tetra-PCB 52  X   X      X   X     

Penta-PCB 87  X X X       X   X     

Penta-PCB 101  X  X X      X   X     

Penta-PCB 110  X X   X      X X      

Hexa-PCB 149  X X   X     X  X X     
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Table 7 (Continued)  

                    

PC2: 

tetra/penta/hexa PCBs 

with chlorines at 4, 4' 

 

Tetra-PCB 74  X  X X        X      

Penta-PCB 99  X  X X      X  X      

Penta-PCB 105  X X X        X X      

Penta-PCB 118  X X X X        X      

Penta-PCB 126   X X X       X X      

Hexa-PCB 138  X X X       X  X X     

Hexa-PCB 158  X X X  X      X X      

Hexa-PCB 153  X  X X      X  X X     

Hexa-PCB 156  X X X X       X X      

PC1: 

hepta/octa PCBs with 

chlorines at 2, 3, 2' 

Hepta-PCB 172  X X X X      X X  X     

Hepta-PCB 177  X X X       X X  X X    

Hepta-PCB 178  X X  X X     X X  X     

Hepta-PCB 180  X X X X      X  X X     

Hepta-PCB 183  X X X  X     X  X X     

Hepta-PCB 187  X X  X X     X  X X     

Octa-PCB 194  X X X X      X X X X     

Octa-PCB 196  X X X X      X X X  X    

Octa-PCB 199  X X X X      X X  X X    

Octa-PCB 203  X X X X X     X  X X     

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; NDL-PCBs: non-dioxin-like PCBs; TEQs: toxic equivalents, based on 2005 toxic equivalent factors (TEFs); Tri-, 

Tetra-, Penta-, Hexa-, Hepta- and Octa- refer to number of chlorine atoms of a particular congener.  
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PC: principal component. 

For PC5, listed congeners reflect rotated loadings of >0.5, since no congeners loaded at >0.6.
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Figure 1. Variable clustering and principal component analysis loadings of congeners in serum of 498 boys from Russian 

Children’s Study at enrollment, 2003-2005 a 

 

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; NDL-PCBs: non-dioxin-like PCBs; TEQs: toxic equivalents, based on 2005 toxic equivalent factors (TEFs); Tri-, 

Tetra-, Penta-, Hexa-, Hepta- and Octa- refer to number of chlorine atoms of a particular congener. The X axis indicates the 
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proportion of total variance that is attributable to a particular clustering solution (e.g., a two-cluster solution, a three-cluster 

solution, etc). The selected cluster solution, consisting of 8 clusters, explained 67% of the variance in the data. By comparison, 

in the PCA, principal components 1-7 together explained 71% of the variance in the data. 
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Sensitivity analyses excluding congeners not measured on 25 or more of the boys 

(>5%) were broadly consistent with the results of the main analysis, reflecting 

chlorination-based loadings and a separation between PCBs and dioxins/furans in the 

PCA. In the cluster analysis, the exclusion of these PCBs resulted in fewer clusters, but 

otherwise a similar clustering pattern (results not shown).  

Correlations among empirical scores, ∑TEQ and ∑PCBs 

Figure 2 presents Spearman correlations across both empirical (e.g., cluster and 

PCA scores) and traditional (e.g., ∑non-dioxin-like PCBs, ∑TEQs) summary exposure 

metrics. Area I displays correlations among the cluster scores; Area II, among the 

principal component scores; Area III, among the ∑PCBs/∑TEQs.; Area IV, between 

principal component scores and cluster scores; and Area V, between principal component 

scores, cluster scores, ∑PCBs and ∑TEQs.  
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Figure 2. Spearman correlations between cluster scores, principal component scores, and summary measures of congeners in 

serum of 498 boys from Russian Children’s Study at enrollment, 2003-2005 

 

 

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; NDL-PCBs: non-dioxin-like PCBs; TEQs: toxic equivalents, based on 2005 toxic equivalent factors (TEFs); Tri-, 
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Tetra-, Penta-, Hexa-, Hepta- and Octa- refer to number of chlorine atoms of a particular congener.  

Area I contains correlations among the cluster scores; Area II contains correlations among the principal component scores; 

Area III contains correlations among the ∑PCBs/∑TEQs.; Area IV contains correlations between principal component scores 

and cluster scores; and Area V contains correlations between PC/cluster scores and ∑PCBs/∑TEQs.
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The main findings from the Spearman correlation matrix were first, cluster scores 

were correlated with each other (Figure 2, Area I), while principal component scores, 

which are orthogonal by design, were fully independent from each other (Figure 2, Area 

II). Second, every cluster score was moderately to highly correlated with at least one 

principal component score (Figure 2, Area IV). Extremely high correlations (e.g., 0.8-0.9) 

occurred  between PC 3 and cluster 2, which contain tetra-, penta- and hexa-PCBs with 

chlorines at 2,2’,5’; between PC 4 and cluster 3, which contain dioxins/furans with 

chlorines at 2,3,7,8; between PC 5 and cluster 4, which contain tri- and tetra-PCBs with 

chlorines at 4,4’; between PC 1 and cluster 5, which contain hepta- and octa-PCBs with 

chlorines at 2,2’,3; and between PC 2 and cluster 7, which contain tetra- and penta-PCBs 

with chlorines at 4 and 4’. This again underscores the consistency in results between the 

cluster analysis and the PCA.  

Third, a visual inspection of correlation patterns (Figure 3) suggests the existence 

of three cluster types: clusters containing PCB congeners chlorinated at 2 and 2’ (clusters 

2, 5, 8); clusters containing PCB congeners chlorinated at 4 and 4’ (clusters 1, 4, 7); and 

clusters containing PCDDs and PCDFs (clusters 3, 6). In general, the more similar their 

number and position of chlorines, the higher the correlation between these clusters. Thus, 

for example, clusters 5 and 8, which are highly correlated (Spearman’s ρ=0.8), contain 

congeners with similar numbers of chlorine atoms (e.g., hexa/hepta/octa), and chlorine 

substitutions at the same positions 2,2’,3. On the other hand, clusters 2 and 5, which are 

less correlated (Spearman’s ρ=0.5), differ more significantly in the number and position 

of their chlorines. While both are chlorinated at 2,2’, cluster 5 is mostly dominated by 

hepta- and octa-PCBs, all of which are chlorinated at the 3 position; whereas cluster 2 is 

mostly dominated by tetra and penta-chlorinated PCBs, and only a few of its congeners 



 

51 

  

5
1
 

have chlorines at the 3 position. In short, it seems that, even after cluster creation, the 

number and position of chlorines continues to influence the relationship between 

clusters. 

 

Figure 3. Selected Spearman correlations among clusters of congeners in serum of 498 boys 

from Russian Children’s Study at enrollment, 2003-2005 

 

 

Numbers denote Spearman correlation coefficients. Where Spearman correlations between 

clusters were <0.5, the correlation coefficients and connecting lines were omitted.  

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated 

dibenzofurans; PCBs: polychlorinated biphenyls; NDL-PCBs: non-dioxin-like PCBs; Tri-, 

Tetra-, Penta-, Hexa-, Hepta- and Octa- refer to number of chlorine atoms of a particular 

congener. 
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When evaluating the correlation of cluster scores with previously used summary 

measures (Figure 2, Area V), ∑non-dioxin-like PCBs appeared highly correlated with 

clusters of the 4,4’ chlorination type (clusters 1 and 7, Spearman’s ρ=0.8), but less 

correlated with clusters of the 2,2’ type (clusters 2, 5 and 8, Spearman’s ρ=0.5), and even 

less correlated with the dioxin/furan clusters (clusters 3 and 6, Spearman’s ρ=0.4). This 

suggests that the summary measure ∑non-dioxin-like PCBs is most reflective of PCBs 

with chlorination at the 4,4’ position. Further, ∑non-dioxin-like PCBs is highly correlated 

with clusters 1 and 7, which contain the persistent (tetra- through hepta-) 4,4’-chlorinated 

PCBs (Spearman’s ρ=0.8), but only moderately correlated with cluster 4, which contains 

the less persistent tri- and tetra- 4,4’-chlorinated PCBs (Spearman’s ρ=0.6), suggesting 

that this summary measure is particularly reflective of highly chlorinated congeners with 

4,4’-chlorination. 

Additionally, ∑TEQ appeared most highly correlated with cluster 3, dioxins/furans 

with chlorines at 2, 4, 7, 8 (Spearman’s ρ=0.8). Moreover, ∑TEQ resembled ∑non-dioxin-

like PCBs in being highly correlated with clusters of the 4,4’ chlorination type (clusters 1 

and 7, Spearman’s ρ=0.7), perhaps partly due to shared mono-ortho PCBs 156, 157 and 

167. However, neither ∑TEQ nor ∑non-dioxin-like PCBs, nor indeed any of the other 

traditional summary measures, appeared to adequately capture the 2,2’-chlorinated PCBs 

(clusters 2, 5 and 8). Correlations with these clusters were never above 0.5, and in the 

case of ∑PCDF TEQ were much lower (Spearman’s ρ=0.02-0.3).  

Lastly, the correlations of ∑non-dioxin-like PCBs and ∑TEQs with principal 

components were generally weaker than those of the corresponding clusters, likely 

reflecting the fact that principal components are calculated from all congeners, rather 

than from the highest-loading. However, despite this dilutional effect, the correlations 
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were broadly consistent with those of clusters. In particular, the ∑non-dioxin-like PCBs 

measure was relatively highly correlated with the higher-chlorinated PCBs at positions 4 

and 4’ (PC2), but less so with the lower chlorinated PCBs at 4,4’ (PC 5). The ∑non-dioxin-

like PCBs measure was also relatively little correlated with principal components 

dominated by 2,2’-chlorinated PCBs (PC1, PC3), as it had been with the corresponding 

clusters. Indeed, as was the case with the clusters, PC1 and PC3 were not highly correlated 

with any summary measure, again suggesting that none of the traditional summary 

measures may adequately capture an exposure measure based on 2,2’-chlorinated PCBs. 

Discussion 

The current work sought to understand the added value of empirically generated 

summary exposure biomarker metrics compared to the more traditional metrics of ∑PCBs 

and ∑TEQs. To that end, we empirically generated summary exposure metrics from 

principal component analysis and cluster analysis, using data from the Russian Children’s 

Study. We observed that, in this cohort, empirical summary exposure metrics largely 

reflected degree of chlorination and position of chlorine atoms. Consistent with these 

results, chlorination-based clustering of PCDDs, PCDFs and PCBs has been observed in 

Japanese mother-infant pairs, Swedish seniors, and NHANES (Fukata et al., 2005; 

Lampa et al., 2018, 2012). The number and position of chlorines determines the rate and 

extent of metabolism (e.g., Grimm et al., 2015). Therefore, our chlorination-based 

clusters may represent congener groups with distinct metabolic rates. If so, the fact that 

similar clustering patterns have been observed in other populations (e.g., (Fukata et al., 

2005; Lampa et al., 2012, 2018) may reflect similarities in human metabolism of these 

compounds across populations. 

Secondly, the current analysis provided insight into the use and interpretation of 
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traditional summary measures. In particular, the measure of ∑non-dioxin-like PCBs 

appeared most correlated with, and therefore most reflective of, highly chlorinated PCBs 

with 4,4’-chlorination (clusters 1 and 7). It was less reflective of lower chlorinated PCBs 

with 4,4’-chlorination (cluster 4) or 2,2’-chlorinated PCBs (clusters 2, 5 and 8). Given 

potential differences in persistence and metabolism across these clusters, it may be of 

interest to separately examine their effects on pubertal and growth outcomes, rather than 

relying on ∑non-dioxin-like PCBs to capture them all. Further highlighting the 

importance of considering the clusters separately, we observed that none of the 

traditionally used summary measures seemed strongly to capture PCBs with chlorines at 

the ortho 2 and 2’ positions (i.e., clusters 2, 5 and 8). Recent findings suggest that tri-

ortho-chlorinated PCBs may be associated with decreased height in boys (Lamb et al., 

2006), potentially rendering clusters 2, 5 and 8 particularly relevant to assessment of 

pubertal development and growth among our cohort.  

A strength of the current analysis is its use of empirical methods to drive congener 

groupings. The methods employed here – principal component analysis and cluster 

analysis – rely solely on correlations among the congeners themselves and thus require 

no biological knowledge to implement. Furthermore, the use of both PCA and cluster 

analysis resulted in two sets of empirical metrics, each with its own distinct advantages. 

In particular, the exposure metrics based on PCA scores are completely independent of 

each other. Thus, they cannot confound each other’s effects, and may be modeled 

individually rather than all at once. This decreases the number of variables in a regression 

model, conserving power. On the other hand, exposure metrics based on clustering have 

the advantage of interpretability, since each cluster reflects only the most similar (i.e., 

correlated) congeners, without “contamination” from lesser correlated congeners. 
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Nevertheless, because these two sets of exposure metrics (cluster-based and PCA-based) 

are consistent with each other in terms of congener representation, we retain maximum 

flexibility and discretion when selecting one over the other, thus enriching our arsenal of 

exposure metrics immensely.  

The current work also suffers from limitations. Firstly, our hypothesis that the 

chlorination-based clusters reflect persistence and metabolism may overlook the role of 

other factors, such as common sources and similar timing of exposure. However, we have 

no immediate way of measuring such factors in our cohort, nor of explaining why they 

would bring about this seemingly chlorination-based clustering. Additionally, although 

congeners may share similar chlorination patterns, persistence and rates of metabolism, 

it is unclear whether they exert toxicity through common mechanisms. For instance, 

cluster 1 groups PCB 169, a known AhR inducer, with PCB 153, an in vitro AR antagonist 

(Van den Berg et al., 2006; Hamers et al., 2011; Takeuchi, Anezaki and Kojima, 2017). In 

thus grouping together congeners with seemingly disparate mechanisms of action, 

clusters may not reflect any single pathway of toxicity.  

On the other hand, it is possible that the toxicity of the original congeners is not as 

relevant to the clustering mechanism as that of their metabolites. At present, we have no 

way of evaluating to what extent, if any, parent congeners cluster together because, e.g., 

their hydroxylated metabolites share a particular pathway of toxicity. Relatively little is 

known about the toxicity of metabolites, and in any case, we do not have metabolite 

measurements to empirically compare with parent compounds. Nevertheless, this is an 

interesting possibility that should be explored further. At the very least, future research 

involving organochlorine exposures in a population should consider measuring 

intermediates of interest, such as hydroxylated metabolites, alongside their parent 
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compounds.  

In summary, the current analysis was motivated by a desire to group multiple 

PCDDs, PCDFs and PCBs in a reasonable and interpretable way. Our findings indicate 

that empirical methods may indeed generate congener groups with discrete chlorination 

patterns, potentially reflecting shared persistence and metabolism. Furthermore, these 

empirical groups may provide different information from currently used measures such 

as ∑TEQs and ∑PCBs, thus rendering them of potential use as supplemental exposure 

metrics in future regression analyses.  
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Chapter 3: Peripubertal serum levels of organochlorine chemicals 

and sex hormones throughout puberty in a cohort of Russian boys 

 

Plaku, Bora; Williams, Paige L; Lee, Mary; Burns, Jane; Korrick, Susan; Sergeyev, 

Oleg*, Hauser, Russ* for the Russian Children’s Study 

(* co-senior authors) 

 

Abstract 

Background. Dioxins, furans and polychlorinated biphenyls (PCBs) are ubiquitous 

environmental pollutants linked with altered timing of pubertal onset and maturation in 

boys. We examined whether peripubertal exposures to dioxins, furans and PCBs were also 

associated with concentrations of sex hormones during adolescence in the Russian 

Children’s Study. 

Methods. From 2003-2005, 516 Russian boys were enrolled at ages 8-9 years; 45 

serum dioxins, furans, and PCBs were quantified at study entry and empirically grouped 

into 8 exposure clusters using variable cluster analysis. Serum levels of testosterone, sex 

hormone binding globulin (SHBG), follicle stimulating hormone (FSH) and luteinizing 

hormone (LH) were measured biennially through age 19. Repeated measures linear 

regression models were used to evaluate the association between organochlorine 

chemical clusters and serum levels of total testosterone (adjusted for SHBG), FSH and 

LH.  

Results. In general, organochlorine clusters were associated with alterations in 

serum levels of testosterone, FSH and LH in early- to mid-puberty, which attenuated by 

late adolescence. Clusters 1, 4 and 7, dominated by non-ortho or mono-ortho-chlorinated 
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PCBs which are able to assume a coplanar conformation, all showed a slightly U-shaped 

pattern of changes in testosterone, FSH and LH over time, which echoed that of the dioxin-

like clusters 3 and 6. On the other hand, clusters 2, 5 and 8, dominated by non-coplanar PCBs 

chlorinated at two or more ortho positions, consistently showed a sharp early-pubertal 

decrease in testosterone and LH, accompanied by a weaker pattern of decrease in FSH. This 

pattern was distinct from that of the dioxin clusters 3 and 6, supporting the “non-dioxin-like” 

designation of PCBs chlorinated at more than one ortho position.  

Conclusion. In this cohort of Russian boys, higher serum biomarkers of 

organochlorine exposure at baseline were associated with alterations in serum 

testosterone, FSH and LH in early- to mid-puberty.  
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Introduction 

The peripubertal period is of key importance in male reproductive development. 

This period is marked by activation of the hypothalamic-pituitary-gonadal (HPG) axis 

and the initiation of the pubertal cascade (Griswold, 1998; Loomba-Albrecht and Styne, 

2012; Nieschlag, Behre and Nieschlag, 2012; Widmaier, Raff and Strang, 2014; Hendriks, 

Prentice and Williams, 2017; Zirkin and Papadopoulos, 2018). The neurotransmitters 

kisspeptin, neurokinin-B and dynorphin trigger this process by stimulating the pulsatile 

release of gonadotropin releasing hormone (GnRH) from the hypothalamus (Alotaibi, 

2019). In turn, GnRH signals the anterior pituitary to release the gonadotropins follicle-

stimulating hormone (FSH) and luteinizing hormone (LH). In males, FSH stimulates the 

proliferation of Sertoli cells, which are critical to the survival of germ cells and their 

development into sperm (Griswold, 1998); while LH acts upon Leydig cells to produce the 

sex hormone testosterone. Yet other hormones – inhibin B, estradiol, activin, follistatin, 

etc. – act as regulators of testosterone, FSH and LH, eliciting negative feedback effects at 

the testicular, pituitary and gonadotrope levels (Nieschlag, Behre and Nieschlag, 2012). 

This hormonal activity results in multiple physiological changes that drive growth and the 

attainment of fertility; consequently, hormonal disruptions during this critical window 

may have significant impact on boys’ growth, sexual development and fertility.  

Polychlorinated dibenzo-dioxins (PCDDs), polychlorinated dibenzo-furans 

(PCDFs) and polychlorinated biphenyls (PCBs) are industrial chemicals consisting one or 

two aromatic carbon rings substituted with chlorine. PCDDs and PCDFs are byproducts 

of chemical manufacturing, while PCBs are often used in industrial equipment (Biegel, 

1990; Revich and Shelepchikov, 2008; Holoubek, 2015; Hoogenboom et al., 2015; Hens 

and Hens, 2018). Lipophilic, thermally stable and resistent to degradation, they have been 
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detected in environments throughout the world. Humans are exposed to these chemicals 

primarily through diet, and they have biological half-lives of years to decades, such that a 

single biomarker measurement reflects long-term exposure (Manzetti, van der Spoel and 

van der Spoel, 2014; Hoogenboom et al., 2015). Once in the body, they may interfere with 

the actions of testosterone, FSH, LH and other hormones, prompting the Endocrine 

Society to classify them as endocrine-disrupting chemicals (EDCs) (Diamanti-Kandarakis 

et al., 2009; Gore et al., 2015).  

When boys are exposed to PCDDs, PCDFs and PCBs in the critical peripubertal 

period, their pubertal growth and development may be affected (Massaad et al., 2002; 

Bergman et al., 2012). In previous work with the Russian Children’s study, we found that 

peripubertal serum levels of PCDDs, PCDFs and dioxin-like PCBs (DL-PCBs) were 

associated with delays in both pubertal onset and sexual maturity, while non-dioxin-like 

PCBs (NDL-PCBs) were associated with earlier onset and earlier maturity (Korrick et al., 

2011; Burns et al., 2016; Sergeyev et al., 2017). Additionally, boys with higher peripubertal 

serum concentrations of PCDDs, PCDFs and PCBs had reduced growth throughout 

adolescence (Burns et al., 2019), while those with higher peripubertal serum PCDD TEQs 

had lower sperm concentration and total sperm counts at age 18-19 (Minguez-Alarcon et 

al., 2016).  

Despite these findings linking early-life exposure to PCDDs, PCDFs and PCBs with 

growth and reproductive outcomes in boys, the underlying hormonal disruptions are not 

well understood. One study noted that Faroese boys with high prenatal exposure to total 

PCBs had lower serum testosterone and LH at age 14 (Grandjean et al., 2012). Another 

study found an association between U.S. boys’ total PCB levels prenatally and elevated 

serum FSH at age 12 (Eskenazi et al., 2016). However, to our knowledge, no studies have 
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explored the associations of organochlorine compounds with hormonal changes 

longitudinally throughout the male pubertal developmental window.  

The current analysis addressed this research gap by examining boys’ peripubertal 

exposure to PCDDs, PCDFs and PCBs in relation to hormonal alterations over an 11-year 

period spanning late childhood, adolescence and young adulthood (ages 8-19). Three key 

hormones were examined: testosterone, which drives sexual development and the 

pubertal growth spurt; LH, which stimulates and maintains testosterone production; and 

FSH, which supports testosterone in regulating spermatogenesis (Griswold, 1998; 

Loomba-Albrecht and Styne, 2012; Nieschlag, Behre and Nieschlag, 2012; Widmaier, Raff 

and Strang, 2014; Hendriks, Prentice and Williams, 2017). With this first longitudinal 

analysis of key sex hormones through adolescence, we aimed to shed light on the potential 

hormonal changes underlying observed disruptions in male growth and pubertal timing 

among our cohort.   

Methods 

Study Population 

The Russian Children’s Study is a prospective cohort of 516 boys residing in 

Chapaevsk, Russia. As described elsewhere, the boys were enrolled in 2003-2005 at ages 

8-9 years and followed annually until ages 18-19 (Williams et al., 2010; Korrick et al., 

2011; Burns et al., 2016, 2019; Minguez-Alarcon et al., 2016; Sergeyev et al., 2017). The 

current analysis includes the 462 boys who had blood draws at baseline with measured 

dioxin and PCB concentrations, and who had at least one hormone measurement during 

follow-up (Figure 4). The study was approved by the human studies institutional review 

boards of the Chapaevsk Medical Association, Harvard T. H. Chan School of Public 

Health, Nemours Pediatric Health, and Brigham and Women’s Hospital. The parents or 
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guardians signed an informed consent form and the boys an assent form prior to 

participation. Additionally, at age 18, the young men signed an informed consent form. 

At study entry, the parents or guardians completed nurse-administered health and 

lifestyle questionnaires ascertaining birth and medical history, maternal alcohol and 

smoking behaviors in pregnancy, parental education and household income. 

Additionally, a validated Russian Institute of Nutrition semi-quantitative food frequency 

questionnaire was used to collect information on each child’s diet (Rockett et al., 1997; 

Martinchik et al., 1998).  

 

Figure 4. Study participation for 462 Russian boys in analytical dataset through the 11-year 

period from ages 8 to 19. 

 

Quantification of Organochlorine Levels 

A single fasting whole blood sample was obtained at study entry at ages 8-9 years, 

centrifuged and aliquoted into serum and stored at -35°C until shipment on dry ice to the 

National Center for Environmental Health, Centers for Disease Control and Prevention 
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(NCEH, CDC) (Burns et al., 2009; Korrick et al., 2011). Congeners were isolated from 

serum by a C18 solid phase extraction (SPE), then separated on a DB-5 MS capillary 

column followed by a multi-column automated cleanup and enrichment procedure, and 

finally quantified using high-resolution mass spectrometry (Patterson et al., 1987; Turner 

et al., 1997; Barr et al., 2003; Sjödin et al., 2003). The analytes included 7 PCDDs and 10 

PCDFs, of which 2 were tetra-chlorinated (2,3,7,8-TCDD and -TCDF); 3 were penta-

chlorinated (1,2,3,7,8-PeCDD and -PeCDF and 2,3,4,7,8-PeCDF); 7 were hexa-

chlorinated (1,2,3,4,7,8-HxCDD and -HxCDF; 1,2,3,6,7,8-HxCDD and -HxCDF; 

1,2,3,7,8,9-HxCDD and -HxCDF; and 2,3,4,6,7,8-HxCDF); 3 were hepta-chlorinated 

(1,2,3,4,6,7,8-HpCDD and -HpCDF, and 1,2,3,4,7,8,9-HpCDF); and 2 were chlorinated at 

all eight positions (OCDD and OCDF). Also included were 4 coplanar PCBs (C-PCBs 77, 

81, 126 and 169), 6 mono-ortho-substituted PCBs (M-PCBs 118, 156, 157, 167, 189), 29 

non-dioxin-like PCBs (NDL-PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 110, 128, 138-158, 

146, 149, 151, 153, 170, 172, 177, 178, 180, 183, 187, 194, 195, 196-203, 199, 206, 209) and 

finally, total lipids as described previously (Burns et al., 2009, 2019). 

Quantification of Hormone Levels 

Fasting whole blood samples were collected biennially from May 2003 to October 

2016 at the time of study visits, which typically during each boy’s birth month. Collection, 

sample processing and analysis took place at the Chapaevsk Medical Association lab, 

located at the Chapaevsk Hospital in Russia. Immediately after collection, the blood was 

centrifuged and aliquoted into serum samples of 0.8-2mL and frozen at a temperature of 

-80°C. 

Samples were analyzed between November 2015 and October 2016, with the 

majority of analyses (~90%) completed by February 2016. Serum was thawed at room 
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temperature, hand-mixed by turning at least 8 times, and analyzed in batches of 25-35 

samples within 130 minutes of thawing. Serum levels of testosterone, FSH, LH and sex 

hormone binding globulin (SHBG) were analyzed using the Architect i1000SR and 

chemoluminescent microparticle immunoassay (CMIA) (Abbott Laboratories, Lake Bluff, 

IL, USA). All analyses were conducted by the same laboratory techician blinded to levels 

of organochlorines. Detection limits were 0.05 mIU/ml for FSH; 0.01 mIU/ml for LH; 0.1 

nmol/l for SHBG; and 0.05 nmol/l for total testosterone. For each assay, calibration 

curves were generated using manufacturer-supplied calibrators containing low, medium 

and high hormone levels. A new calibration was performed for each reagent kit with a new 

lot and serial number. 

To assess reproducibility and precision, we created QA/QC samples using 

discarded blood from patients of the Chapaevsk and Samara Pediatric Clinic. These so-

called “discard samples” were collected from boys that attended the clinic for any purpose. 

Discard samples were created for the following six age groups: ages 8-9, 10-11, 12-13, 14-

15, 16, 17-18. Serum from each age group was pooled and multiple duplicates created. 

Three times per week, each hormone assay included two to three QA/QC duplicates from 

the same pooled age group, so that, over the course of the week, replicates of young, mid- 

and older-aged boys were run. This QA/QC procedure continued throughout the entire 

analysis period. Intra-assay coefficients of variation were 0.1-17% for total testosterone 

(mean 2.68%); 0.2-5.4% for FSH (mean 1.6%); 0-9.4% for LH (mean 3.0%); and 0-23.8% 

for SHBG (mean 5.0%). Inter-assay coefficients of variation were calculated for each age 

group separately, and were <20% for total testosterone and <10% for FSH, LH and SHBG.  

As an additional QA/QC, we analyzed three levels of manufacturer-supplied control 

samples on a daily basis, measuring a different level each day (МСС Liquichek 
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Immunoassay Plus Quality Control, Bio-Rad Laboratories, USA). Mean intra-assay CVs 

for all three levels were 5.4% for total testosterone; 4.3% for FSH; 5.2% for LH; and 6.2% 

for SHBG. 

Statistical Analysis 

Our primary exposure measures were 8 cluster scores based on the PCDD, PCDF, 

and PCB congeners, and empirically derived using a variable clustering procedure (Harris 

and Kaiser, 1964; Anderberg, 1973; Harman, 1976). In creating these measures, we 

considered 45 congeners with at least 50% of values above the limit of detection (LOD), 

since readings below the LOD are subject to greater uncertainty (Hauser et al., 2005). The 

selected congeners were standardized, log-transformed and grouped into clusters as 

described in greater detail in Chapter 2. Each cluster score had an expected mean of 0 and 

a standard deviation of 1. Though entirely empiric, the clustering procedure appeared to 

yield groups with distinct numbers and position of chlorine atoms. Consequently, we 

labeled these eight clusters in terms of degree and position of chlorines (Table 6). 

Our primary analysis examined the association between log-transformed total 

testosterone, FSH and LH and the eight exposure cluster scores described in Chapter 2. 

Additionally, we conducted a secondary analysis, including as our exposures dioxin-like 

toxic equivalents (TEQs) and non-dioxin-like PCBs summed by lipid-adjusted 

concentrations (Table 8). These were of interest because 1) they are common in the 

literature (Turyk et al., 2006; Cao et al., 2008; Goncharov et al., 2009; Eskenazi et al., 

2016; Boda et al., 2018; Oanh et al., 2018; Van Luong et al., 2018); 2) they have previously 

been examined in conjunction with puberty, growth and semen quality in our own cohort, 

and may thus present valuable comparisons with the cluster-based exposures (Burns et 



 

66 

  

6
6
 

al., 2009, 2016, 2019; Humblet et al., 2011; Korrick et al., 2011; Minguez-Alarcon et al., 

2016; Sergeyev et al., 2017); and 3) they are thought to reflect shared mechanisms of 

toxicity among the congeners (Van den Berg et al., 2006). Lastly, to assess robustness, we 

repeated our primary and secondary analyses excluding boys with chronic health 

conditions that might affect growth and development, consistent with previous work in 

our cohort (Burns et al., 2009). 
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Table 8. Exposures for primary and secondary hormone analyses. 

(a) Primary Analysis 

CL1: hexa/hepta-chlorinated PCBs with chlorines at 2,3,4,4’ PCBs 138-158, 146, 153, 156, 157, 167, 169, 170, 180 

CL2: tetra/penta-chlorinated PCBs with chlorines at 2,2’,5’ PCBs 44, 49, 52, 87, 101, 110 and 149 

CL3: PCDDs and PCDFs with chlorines at 2,3,7,8 2,3,7,8-TCDD, 1,2,3,7,8-PeCDD, 1,2,3,6,7,8-HxCDD, 

2,3,4,7,8-PeCDF, 1,2,3,4,7,8-HxCDF, 1,2,3,6,7,8-

HxCDF, 1,2,3,4,6,7,8-HpCDF 

CL4: tri/tetra-chlorinated PCBs with chlorines at 4,4’ PCBs 28, 66, 77 and 81 

CL5: hepta/octa-chlorinated PCBs with chlorines at 2,3,2’ PCBs 178, 183, 187, 194, 196, 199 and 203 

CL6: PCDDs with chlorines at 1,2,3,4,6,7,8 1,2,3,4,6,7,8-HpCDD, OCDD 

CL7: tetra/penta-chlorinated PCBs with chlorines at 2,4,4’ PCBs 74, 99, 105, 118, 126 

CL8: hexa/hepta-chlorinated PCBs with chlorines at 2,3,4,2’ PCBs 128, 151, 172, 177 

 

(b) Secondary Analysis 

∑PCDD TEQs 2,3,7,8-TCDD, 1,2,3,7,8-PeCDD, 1,2,3,4,7,8-HxCDD, 1,2,3,6,7,8-HxCDD, 1,2,3,7,8,9-

HxCDD, 1,2,3,4,6,7,8-HpCDD, OCDD 

∑PCDF TEQs 2,3,7,8-TCDF, 1,2,3,7,8-PeCDF, 2,3,4,7,8-PeCDF, 1,2,3,4,7,8-HxCDF, 1,2,3,6,7,8-HxCDF, 

1,2,3,7,8,9-HxCDF, 2,3,4,6,7,8-HxCDF, 1,2,3,4,6,7,8-HpCDF, 1,2,3,4,7,8,9-HpCDF, OCDF 

∑c-PCB TEQs PCBs 77, 81, 126, 169 

∑m-PCB TEQs PCBs 118, 156, 157, 167, 189 
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Table 8 (Continued) 

∑NDL-PCBs PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 110, 128, 138-158, 146, 149, 151, 153, 170, 172, 177, 

178, 180, 183, 187, 194, 195, 196-203, 199, 206, 209 and m-PCBs 

  



 

69 

  

6
9
 

All analyses were performed using repeated measures linear regression models. 

The primary analysis consisted of four sets of nested models: the first set modeling the 

main effects of clusters on each hormone (not shown); the second set modeling age 

interactions separately for each cluster (Figure 6, A(i)-H(iii)); the third set modeling age 

interactions simultaneously for all clusters with significant interactions (Figure 5, J(i)-

(iii)); and the fourth set modeling all cluster-by-age interactions regardless of significance 

(not shown). These four sets of nested models were compared using the Akaike 

Information Criterion (AICC) under maximum likelihood (ML) estimation, and the best-

fitting were selected as the final model for each hormone (Figure 5, J(i)-(iii)). The 

secondary analysis regressed each of the three hormones against one of seven standard 

exposure measures (∑PCDD TEQs, ∑PCDF TEQs, ∑c-PCB TEQs, ∑m-PCB TEQs, ∑all 

TEQs, and ∑NDL-PCBs), and included an exposure-by-age interaction (Figure 7, K(i)-

Q(iii)). Finally, the robustness analyses repeated models A(i)-Q(iii) (Figure 6-Figure 7) on 

an analytical cohort of 454 boys, excluding 8 boys with chronic health conditions (not 

shown).  

In all analyses, the correlations between each boy’s repeated measures were 

modeled using best-fitting covariance structures with the lowest AICC, identified as either 

heterogeneous Toeplitz or first-order autoregressive (Jennrich and Schluchter, 1986; 

Wolfinger, 1996). Fixed-effects parameters (β) and their variance-covariance matrices 

were estimated using restricted maximum likelihood estimation (REML) with the 

asymptotically consistent “sandwich” estimator (Huber, 1967; White, 1980; Liang and 

Zeger, 1986; Diggle, 1995; Fitzmaurice, 2011). In the primary analysis, the fixed-effects 

parameter β represented the change in log(hormone) per 1-standard-deviation (SD) 

increase in cluster score; and in the secondary analysis, the change in log(hormone) per 
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1-SD increase in log(∑TEQ), etc., or equivalently, the change in log(hormone) per 1 

geometric SD increase in ∑TEQ, etc. For ease of interpretation, we presented all β 

parameters as (exp(𝛽) − 1) ∗ 100, interpretable as the percent change in hormone per 1-

SD increase in cluster score in the primary analysis, or alternately, the percent change in 

hormone per 1-geometric-SD increase in ∑TEQ, etc., in the secondary analysis. Lastly, 

since our models included exposure-by-age interactions, we presented, for each year of 

age, a separate percent change in hormone per 1-SD increase in exposure.  

All longitudinal hormone models were fit as a function of age throughout follow-

up and adjusted for the following characteristics: boys’ baseline BMI z-score, daily 

calories consumed as fat at enrollment, estimated birthweight and breastfeeding history; 

highest parental education at baseline and presence of biological father in the home; and 

maternal alcohol consumption during boys’ gestation. These covariates were selected 

because 1) the published literature identifies them as potential predictors of boys’ 

pubertal outcomes (Sandhu et al., 2006; van Weissenbruch and Delemarre-van de Waal, 

2006; Karaolis-Danckert et al., 2009; Arim et al., 2011; Sheppard and Sear, 2012; Wagner 

et al., 2013; Lee et al., 2015; Tremellen, 2016; Akison, Moritz and Reid, 2019); and 2) they 

were associated with serum testosterone, FSH or LH in our cohort at a permissive 

significance threshold of α<0.15. Covariates that were flagged by the literature but did not 

meet this significance threshold (e.g., boys’ baseline blood lead levels, household income, 

maternal age at boys’ birth, maternal smoking during boys’ gestation) were not included 

in the final models. Missing covariates were imputed by applying the expectation-

maximization (EM) algorithm to all covariates of interest simultaneously (Dempster, 

Laird and Rubin, 1977). 
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Results 

The analytical cohort of 462 boys had a mean age of 8.4 years (SD=0.5) at 

enrollment and a mean BMI of 15.9 (SD=2.3), with 5.8% underweight (BMI z-score <-2) 

and 6.7% obese (BMI z-score >3) at study entry (Table 9). The majority (87%) of boys 

were breastfed, and 31% had a parent who had completed college. Demographic 

characteristics were similar to those of the full cohort described elsewhere (e.g., Burns et 

al., 2009), and likewise, remained consistent after exclusion of 8 boys with chronic 

disease (not shown). 
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Table 9. Selected demographic and health characteristics of 462 boys in the Russian 

Children’s Study (RCS) enrolled in 2003-2005. 

 

Characteristic a 

 

Russian Children’s Study 

N=462 

Age (years), mean (SD) 8.4 (0.5) 

Height (cm), mean (SD) 129.9 (6.3) 

Weight (kg), mean (SD) 27.1 (5.6) 

BMI (kg/m2), mean (SD) 15.9 (2.3) 

Underweight, n (%) c 27 (5.8) 

Obese, n (%) d 31 (6.7) 

Kilocalories (kcal) per day, mean (SD) 2819 (978) 

Percent kcal from fat 33.7 (5.7) 

Percent kcal from protein 11.5 (1.6) 

Percent kcal from carbohydrates 54.7 (6.4) 

Weeks of gestation, mean (SD) 39.0 (1.8) 

Kilograms (kg) of birthweight, mean (SD) 3.33 (5.7) 

Blood lead levels, ug/dL, mean (SD) 4.0 (2.9) 

Exposed to parental smoking in utero, n (%) 221 (49.8) 

Ever breastfed, n (%) 390 (87.0) 

Highest parental education, n (%)  

  High school or less 33 (7.3) 

  Some college or junior college 276 (61.3) 

  College graduate 141 (31.3) 

Biological father lives in home, n (%) 293 (64.7) 

 

Abbreviations: RCS: Russian Children’s Study  

Observations where all measured organochlorine congeners were missing (n=3) have been 

excluded. 

a Summary statistics for each characteristic were calculated among those with non-missing 

data for each characteristic. Missing information: n=11 for Calories, Fat, Protein and 

Carbohydrates; n=13 for Gestation; n=12 for birthweight; n=18 for gestational smoking; 

n=14 for breastfeeding; n=9 for parental income and biological father present; and n=12 for 



 

73 

  

7
3
 

parental education 

b WHO sex- and age-adjusted Z-score: http://www.who.int/childgrowth/en. 

c WHO threshold for underweight is BMI Z-score < -2: http://www.who.int/childgrowth/en. 

d WHO threshold for obese is BMI Z-score > 2: http://www.who.int/childgrowth/en. 

e Corresponds to 4999 Russian Rubles. Converted to USD using average exchange rate in 

2003 (1 USD = 30.692 Russian Rubles). OECD (2019), Exchange rates (indicator). doi: 

10.1787/037ed317-en.  

 

In the primary analysis, best-fit models were used to estimate the average percent 

change in serum hormones over the entire study period per 1-standard deviation (SD) 

increase in organochlorine cluster score (Figure 5, J(i)-(iii)). Increases in cluster score 

were associated with serum testosterone more visibly, and more variably over time, than 

they were with the gonadotropins FSH and LH – though the associations generally 

attenuated in later adolescence (Figure 5, J(ii) vs. J(i) and J(iii)).  Higher scores in clusters 

3 and 7 (dioxins/furans with chlorines at positions 2,3,7,8; tetra- and penta-chlorinated 

PCBs substituted at 4,4’, respectively) were associated with higher early-pubertal serum 

testosterone; while higher scores in clusters 4, 6 and 8 (tri- and tetra-chlorinated PCBs 

substituted at 4,4’; dioxins with chlorines at 1,2,3,4,6,7,8; hexa/hepta-PCBs with 

chlorines at 2,2’,3,4, respectively) were linked to lower levels. Additionally, certain 

clusters showed similar effect patterns across multiple hormones. In particular, a 1-SD 

increase in cluster 4 score (tri/tetra-PCBs with chlorines at 4,4’) was associated with lower 

testosterone prior to age 16, as well as higher FSH across the entire follow-up period 

(Figure 5, J(ii)-(iii)). Similarly, an increase in cluster 6 score (dioxins with chlorines at 

1,2,3,4,6,7,8) was associated with slightly lower serum testosterone and FSH prior to age 

12 (Figure 5, J(ii)-(iii)). Lastly, a higher cluster 8 score (hexa/hepta-PCBs with chlorines 

at 2,2’,3,4) was associated with lower testosterone and LH prior to ages 11-12 (Figure 5, 
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J(i)-(ii)).  

For testosterone, we also compared the best-fit cluster models (Figure 5) to those 

models in which each cluster-by-age interaction was modeled separately (Figure 6). 

Compared to the best-fit cluster model, the individual interaction models showed similar 

increases in serum testosterone with 1-SD increases in cluster 3 and 7 scores (Figure 6, 

C(ii) and G(ii); Figure 5, J(ii)), though these were significant only in the best-fitting model 

(Figure 5, J(ii)). Both sets of models also showed early-age decreases in serum 

testosterone with 1-SD increases in clusters 2, 4, 6 and 8 (Figure 6, B(ii), D(ii), F(ii), and 

H(ii); Figure 5, J(ii)), though the decreases in cluster 2 is considerably attenuated in the 

best-fitting model (Figure 5, J(ii)). Thus, both sets of models identified clusters 3, 4, 6, 7 

and 8 as potential disruptors of serum testosterone.  
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Figure 5. Best-fitting models J(i)-J(iii)a: percent change in the serum hormone levels of 462 Russian boys throughout the 12-year 

period from ages 8 to 19, per one-standard-deviation increase in cluster-based exposure scores at ages 8-9. 
Figure 1: Best-fitting models J(i)-J(iii)a: percent change in the serum hormone levels of of 462 Russian boys throughout the 12-year period from ages 
8 to 19, per one-standard-deviation increase in cluster-based exposure scores at ages 8-9. 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

 

Abbreviations: LH: Luteinizing hormone; FSH: follicle-stimulating hormone; CL: cluster.   
a Best-fitting models were selected based on the lowest Akaike Information Criterion (AICC). For FSH, best-fitting model included age, age2 and age3 interactions for cluster 6 only; 
for testosterone, best-fitting model included age, age2 and age3 interactions for clusters 1-8; for LH, best-fitting model included age, age2 and age3 interactions for cluster 8 only. 

J(i) 

J(ii) 

J(iii) 
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Figure 6. Individual interaction models A(i)-H(iii)a: percent change in the serum hormone levels of 462 Russian boys throughout 

the 12-year period from ages 8 to 19, per one-standard-deviation increase in cluster-based exposure scores at ages 8-9. 

 

Figure 1: Individual interaction models A(i)-G(iii)a: percent change in the serum hormone levels of of 462 Russian boys throughout the 12-year period 
from ages 8 to 19, per one-standard-deviation increase in cluster-based exposure scores at ages 8-9. 

 

 

Abbreviations: LH: Luteinizing hormone; FSH: follicle-stimulating hormone; CL: cluster.   
a We modeled age, age2 and age3 interactions for each cluster separately, in eight individual interaction models (models I-VIII).  

A B C D E F G H 

(i) 

(ii) 

(iii) 
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Figure 7. Individual interaction models K(i)-Q(iii)a: percent change in the serum hormone levels of 462 Russian boys throughout 

the 12-year period from ages 8 to 19, per one-standard-deviation increase in standard summary exposure scores at ages 8-9. 

 

 

Figure 1: Individual interaction models K(i)-Q(iii)a: percent change in the serum hormone levels of 462 Russian boys throughout the 12-year period 
from ages 8 to 19, per one-standard-deviation increase in standard summary exposure scores at ages 8-9.  
 

 
 
Abbreviations: LH: Luteinizing hormone; FSH: follicle-stimulating hormone; PCDDs: Polychlorinated dibenzodioxins; PCDFs: Polychlorinated dibenzofurans; PCBs: Polychlorinated 
biphenyls; c-PCBs: coplanar PCBs; m-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-like PCBs. TEQs: toxic equivalents.  
a We modeled age, age2 and age3 interactions for each summary exposure measure separately, in eight individual interaction models. 

J(i) 

K L M N O P Q 

(i) 

(ii) 

(iii) 
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Additionally, we compared the cluster-based exposures (Figure 6) with ∑PCDD 

TEQs, ∑PCDF TEQs, ∑c-PCB TEQs, ∑m-PCB TEQs, and ∑NDL-PCBs (Figure 7). This 

comparison revealed that cluster 3 (dioxins and furans with chlorines at 2,3,7,8) had a 

pattern of longitudinal change in serum testosterone that closely resembled that of ∑TEQ. 

By contrast, cluster 6 (dioxins with chlorines at 1,2,3,4,6,7,8) was less similar to ∑TEQ in 

its testosterone associations. Furthermore, we noted the existence of two distinct patterns 

of testosterone change: a sharp early-pubertal decline observed with clusters 2, 5 and 8 

(PCBs chlorinated at the 2,2’ positions), and a slightly later inverted U-shaped decline 

with clusters 1, 4 and 7 (PCBs chlorinated at the 4,4’ positions) (Figure 6-Figure 7). To a 

lesser extent, these patterns were also present in the FSH analysis (Figure 6-Figure 7). 

Nevertheless, there was broad consistency in hormone patterns across ∑TEQs, ∑NDL-

PCBs, and their respective cluster-based exposures, particularly where correlations 

between exposure measures were high (Figure 8-Figure 10; Figure 11). 

Lastly, robustness analyses excluding 8 boys with chronic diseases yielding 

findings nearly identical to Figure 5-Figure 7, with a single exception: When model J(i) in 

Figure 5 was re-run excluding the boys with chronic disease (not shown), the shape of the 

cluster 8-LH relationship remained the same, though its significance was lost. However, 

the significant relationship between cluster 8 and LH re-appeared in both the individual 

interaction model H(i) (Figure 6, H(i)) and its corresponding robustness model (not 

shown), supporting the assertion that cluster 8 may be associated with decreased LH in 

early puberty.  
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Figure 8. Percent changea in serum follicle stimulating hormone (mIU/mL) among 462 

Russian boys throughout the 12-year period from ages 8 to 19, per one-standard-deviation 

increase in cluster-based b vs. standardc exposure scores at ages 8-9.  

 

Abbreviations: CL: cluster; PCDDs: Polychlorinated dibenzodioxins; PCDFs: 

Polychlorinated dibenzofurans; PCBs: Polychlorinated biphenyls; c-PCBs: coplanar PCBs; 

m-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs. TEQs: toxic equivalents.  

a Comparisons are between individual interaction models A(iii)-H(iii) and K(iii)-Q(iii). 

Comparisons are only shown between cluster-based and standard exposures with Pearson’s 

correlation coefficients > 0.45. 

b Blue line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 
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increase in log-transformed, standardized cluster score at age 8-9; blue shading: 95% 

confidence intervals (CIs) around longitudinal mean percent change.  

c Orange line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 

increase in log-transformed, standardized traditional summary exposures at age 8-9; yellow 

shading: 95% confidence intervals (CIs) around longitudinal mean percent change.   

d PCDDs include 2,3,7,8-TCDD, 1,2,3,7,8-PeCDD, 1,2,3,4,7,8-HxCDD, 1,2,3,6,7,8-HxCDD, 

1,2,3,7,8,9-HxCDD, 1,2,3,4,6,7,8-HpCDD, OCDD. 

e PCDFs include 2,3,7,8-TCDF, 1,2,3,7,8-PeCDF, 2,3,4,7,8-PeCDF, 1,2,3,4,7,8-HxCDF, 

1,2,3,6,7,8-HxCDF; 1,2,3,7,8,9-HxCDF, 2,3,4,6,7,8-HxCDF, 1,2,3,4,6,7,8-HpCDF, 

1,2,3,4,7,8,9-HpCDF, OCDF. 

f c-PCBs include PCBs 77, 81, 126 and 169. 

g m-PCBs include PCBs 118, 156, 157, 167, 189. 

h ∑All TEQs include PCDD, PCDF, c-PCB and m-PCB TEQs. 

i NDL-PCBs include PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 110, 128, 138-158, 146, 149, 151, 

153, 170, 172, 177, 178, 180, 183, 187, 194, 195, 196-203, 199, 206, 209, as well as the m-

PCBs. 
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Figure 9. Percent changea in the serum testosterone (nmol/L) among 462 Russian boys 

throughout the 12-year period from ages 8 to 19, per one-standard-deviation increase in 

cluster-based b vs. standardc exposure scores at ages 8-9. 

 

Abbreviations: CL: cluster; PCDDs: Polychlorinated dibenzodioxins; PCDFs: 

Polychlorinated dibenzofurans; PCBs: Polychlorinated biphenyls; c-PCBs: coplanar PCBs; 

m-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs. TEQs: toxic equivalents.  

a Comparisons are between individual interaction models A(ii)-H(ii) and K(ii)-Q(ii). 

Comparisons are only shown between cluster-based and standard exposures with Pearson’s 

correlation coefficients > 0.45. 

b Blue line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 
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increase in log-transformed, standardized cluster score at age 8-9; blue shading: 95% 

confidence intervals (CIs) around longitudinal mean percent change.  

c Orange line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 

increase in log-transformed, standardized traditional summary exposures at age 8-9; yellow 

shading: 95% confidence intervals (CIs) around longitudinal mean percent change.   

d PCDDs include 2,3,7,8-TCDD, 1,2,3,7,8-PeCDD, 1,2,3,4,7,8-HxCDD, 1,2,3,6,7,8-HxCDD, 

1,2,3,7,8,9-HxCDD, 1,2,3,4,6,7,8-HpCDD, OCDD. 

e PCDFs include 2,3,7,8-TCDF, 1,2,3,7,8-PeCDF, 2,3,4,7,8-PeCDF, 1,2,3,4,7,8-HxCDF, 

1,2,3,6,7,8-HxCDF; 1,2,3,7,8,9-HxCDF, 2,3,4,6,7,8-HxCDF, 1,2,3,4,6,7,8-HpCDF, 

1,2,3,4,7,8,9-HpCDF, OCDF. 

f c-PCBs include PCBs 77, 81, 126 and 169. 

g m-PCBs include PCBs 118, 156, 157, 167, 189. 

h ∑All TEQs include PCDD, PCDF, c-PCB and m-PCB TEQs. 

i NDL-PCBs include PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 110, 128, 138-158, 146, 149, 151, 

153, 170, 172, 177, 178, 180, 183, 187, 194, 195, 196-203, 199, 206, 209, as well as the m-

PCBs. 
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Figure 10. Percent changea in serum luteinizing hormone (nmol/L) among 462 Russian boys 

throughout the 12-year period from ages 8 to 19, per one-standard-deviation increase in 

cluster-based b vs. standardc exposure scores at ages 8-9. 

 

Abbreviations: CL: cluster; PCDDs: Polychlorinated dibenzodioxins; PCDFs: 

Polychlorinated dibenzofurans; PCBs: Polychlorinated biphenyls; c-PCBs: coplanar PCBs; 

m-PCBs: mono-ortho-coplanar PCBs; NDL-PCBs: non-dioxin-like PCBs; DL-PCBs: dioxin-

like PCBs. TEQs: toxic equivalents.  

a Comparisons are between individual interaction models A(i)-H(i) and K(i)-Q(i). 

Comparisons are only shown between cluster-based and standard exposures with Pearson’s 

correlation coefficients > 0.45. 

b Blue line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 
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increase in log-transformed, standardized cluster score at age 8-9; blue shading: 95% 

confidence intervals (CIs) around longitudinal mean percent change.  

c Orange line: longitudinal mean percent change over ages 8-19 in serum FSH per 1-SD 

increase in log-transformed, standardized traditional summary exposures at age 8-9; yellow 

shading: 95% confidence intervals (CIs) around longitudinal mean percent change.   

d PCDDs include 2,3,7,8-TCDD, 1,2,3,7,8-PeCDD, 1,2,3,4,7,8-HxCDD, 1,2,3,6,7,8-HxCDD, 

1,2,3,7,8,9-HxCDD, 1,2,3,4,6,7,8-HpCDD, OCDD. 

e PCDFs include 2,3,7,8-TCDF, 1,2,3,7,8-PeCDF, 2,3,4,7,8-PeCDF, 1,2,3,4,7,8-HxCDF, 

1,2,3,6,7,8-HxCDF; 1,2,3,7,8,9-HxCDF, 2,3,4,6,7,8-HxCDF, 1,2,3,4,6,7,8-HpCDF, 

1,2,3,4,7,8,9-HpCDF, OCDF. 

f c-PCBs include PCBs 77, 81, 126 and 169. 

g m-PCBs include PCBs 118, 156, 157, 167, 189. 

h ∑All TEQs include PCDD, PCDF, c-PCB and m-PCB TEQs. 

i NDL-PCBs include PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 110, 128, 138-158, 146, 149, 151, 

153, 170, 172, 177, 178, 180, 183, 187, 194, 195, 196-203, 199, 206, 209, as well as the m-

PCBs. 
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Figure 11. Pearson correlations between cluster scores and summary measures of congeners in serum of 498 boys from Russian 

Children’s Study at enrollment, 2003-2005.  

 

Abbreviations: PCDDs: Polychlorinated dibenzodioxins; PCDFs: polychlorinated dibenzofurans; PCBs: polychlorinated 

biphenyls; NDL-PCBs: non-dioxin-like PCBs; TEQs: toxic equivalents, based on 2005 toxic equivalent factors (TEFs). All 
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exposure variables have been natural log-transformed and standardized. 
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Discussion 

The current analyses examined the associations between peripubertal bomarkers 

of exposure to organochlorine chemicals among Russian boys’ and hormonal disruptions 

throughout puberty. In general, we found that higher biomarkers of organochlorine 

exposure were consistently associated with disruptions in serum testosterone, and less 

consistently with disruptions in FSH and LH. These changes were only observed in early- 

to mid-puberty, and became attenuated by late adolescence. Furthermore, they were 

largely driven by dioxins of any chlorination pattern (clusters 3 and 6) and PCBs 

chlorinated at the 4,4’ or 2,2’ positions (clusters 4, 7 and 8).  

Our main biomarkers of exposure consisted of eight empirically formed clusters. 

The use of exposure clusters in the current analysis – particularly in parallel to standard 

measures like ∑TEQ and ∑NDL-PCB – may offer new insights into these standard 

measures. For instance, when the dioxin-containing clusters 3 and 6 were compared 

against ∑TEQ, we observed that cluster 3 was more similar to ∑TEQ in testosterone 

association patterns. Furthermore, the associations of clusters 3 and 6 with testosterone 

differed markedly from each other in the best-fitting model. Taken together, these 

findings suggest that the dioxin-like clusters 3 and 6 should perhaps be examined 

separately in future analyses. Indeed, this separation may be achieved without sacrificing 

the concept of the TEQ – a key measurement of dioxins’ toxicity via the aryl hydrocarbon 

receptor (AhR) (Van den Berg et al., 2006). One has simply to sub-divide ∑TEQs into two 

groups, one containing TEQs from cluster 3 congeners and the other from cluster 6. In 

this way, the cluster procedure may help refine the summary measure of ∑TEQ without 

detracting from its essentially mechanistic nature. 

Similarly, the clustering procedure may supplement our understanding of ∑NDL-
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PCB. In comparing ∑NDL-PCB to its most correlated clusters, we observed two distinct 

cluster effects on testosterone: clusters 2, 5 and 8 (containing PCBs with chlorines at 2,2’) 

was associated with a sharp testosterone decline prior to age 14, while clusters 1, 4 and 7 

(containing PCBs with chlorines at 4,4’) showed a more subtle inverse U-shaped change. 

While by no means conclusive, these findings suggest one possible approach to further 

refine the ∑NDL-PCB biomarker measure: namely, to subdivide it into two groups of 2,2’- 

and 4,4’-chlorinated PCBs, as reflected by the clustering patterns. The need for 

refinement is particularly important for ∑NDL-PCB, since this measure brings together 

several congeners with likely different effects (see Chapter 2). Future work should 

consider these subgroups of NDL-PCBs alongside – and perhaps in comparison to – other 

grouping methods.  

In summary, by analyzing common exposures along with clusters, we gained 

insight into ∑TEQ and ∑NDL-PCB. However, there were additional benefits to this side-

by-side comparison: namely, the wide net of exposures, spanning not just clusters but 

also ∑TEQ and ∑NDL-PCB, facilitated comparisons between the current results and prior 

findings. For instance, we had previously observed an association between elevated serum 

∑NDL-PCBs in prepuberty and reduced height, BMI, fat mass and fat free mass 

throughout adolescence (Burns et al., 2019). When reporting this finding, we posited that 

disruptions in pubertal testosterone may, in part, mediate this association, since 

testosterone promotes synthesis of muscle protein, stimulates the pulsatile release of 

growth hormone (GH) and increases serum insulin-like growth factor (IGF-1) during 

male puberty (Nieschlag, Behre and Nieschlag, 2012; Burns et al., 2019). The current 

work provides some support for this hypothesis, by presenting a clear link between higher 

∑NDL-PCBs and decreases in pubertal testosterone between ages 9 and 13 – a 
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relationship echoed by the NDL-PCB-containing clusters 1, 2, 4 and 8. While not a formal 

mediation analysis, this result is certainly consistent with a scenario in which peripubertal 

exposure to ∑NDL-PCBs decreases circulating testosterone in early puberty, thus 

contributing to reductions in growth. However, the degree of this contribution remains 

unclear, given the complex physiology of growth and the many other hormones involved 

(e.g., GH, IGF-I, glucocorticoids, thyroid hormones, etc.) (Robson et al., 2002). Future 

work should formally examine the mediating effects of not only testosterone, but also GH, 

IGF-I and other growth-related hormones, on the association between higher NDL-PCBs 

and decreased growth. 

In previously published analyses, we had observed that ∑TEQs were associated 

with delayed pubertal onset and maturity (Korrick et al., 2011; Burns et al., 2016; 

Sergeyev et al., 2017). Consequently, we expected an inverse association between ∑TEQs 

and serum testosterone in the current work (Albertsson-Wikland et al., 1997). As 

anticipated, higher ∑PCDD TEQs and ∑c-PCB TEQs were indeed associated with reduced 

serum testosterone of 5-15%, particularly between ages 11 and 14. This finding is in line 

with the large body of toxicological literature on the anti-androgenic effects of 2,3,7,8-

TCDD both in vitro and in vivo (Moore et al., 1985, 1989; Pohjanvirta and Tuomisto, 

1994; Jana et al., 1999; Adamsson et al., 2009); as well as with the reported association 

of higher TCDD and lower serum testosterone in men (Egeland et al., 1994; Johnson et 

al., 2001; Dhooge et al., 2006; Gupta et al., 2006; Mocarelli et al., 2008; Ferguson et al., 

2012; van den Dungen et al., 2015). However, despite these consistencies, questions 

remain. In particular, it is unclear to what extent the observed decrease in testosterone, 

which became attenuated by age 14, impacts the later finding of delayed sexual maturity. 

Future work should consider how PCDD TEQs affect the pace of pubertal progress from 
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onset to maturity, and where the observed declines in testosterone fit in. 

Additionally, our findings showed some concurrence with a prior analysis on 

sperm quality in our cohort. We had previously observed a link between higher serum 

PCDD TEQs at ages 8-9 and lower sperm concentration, total sperm count, and total 

motile sperm count at ages 18-19 (Minguez-Alarcon et al., 2016). In the present analysis, 

higher ∑PCDD TEQs were linked with a slight increase in serum FSH beginning at around 

age 13 and reaching statistical significance at age 19 (Figure 7, K(iii)). FSH acts on Sertoli 

cells to promote the transition of germ cells to spermatids, and is particularly important 

in ensuring normal sperm counts (O’Donnell and Mclachlan, 2012). Consequently, the 

FSH alterations in the current analysis appear in line with the lower sperm counts 

previously seen in our cohort (Bergmann, Behre and Nieschlag, 1994). Nor are we the 

only group to report on peripubertal dioxin exposure, elevations in FSH and decreased 

semen quality. Following the Seveso industrial accident, males who had been exposed to 

TCDD in prepuberty were found to have lower sperm concentrations and lower motile 

sperm counts at ages 22-31, as well as increased FSH, compared to an unexposed group 

(Mocarelli et al., 2008). Taken together, these findings suggest not only that dioxins affect 

semen quality, but that they do so through a mechanism that includes elevations in serum 

FSH. Although this mechanism is unknown (Foster, Maharaj-Briceño and Cyr, 2011), it 

may involve decreased sensitivity of Sertoli cells to FSH, or a dysregulation of the FSH-

inhibin B feedback loop. Further work is required to clarify the underlying mechanism. 

Lastly, our analysis revealed hormone patterns that were seemingly contradictory. 

In particular, we had previously reported an association between higher ∑NDL-PCBs and 

earlier pubertal onset (Burns et al., 2016). Consequently, we expected the current analysis 

to show a clear link between higher ∑NDL-PCBs and increased testosterone. Instead, we 
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found that higher ∑NDL-PCBs were linked to lower serum testosterone (Figure 7, P(ii), 

Q(ii)). The question then arose, is earlier pubertal onset inconsistent with lower 

testosterone at these ages? It may not be, depending on how pubertal onset is defined at 

the corresponding affected pathways. In the prior analysis, the association was observed 

only when pubertal onset was defined as attainment of testicular volume >3 mL (Burns 

et al., 2016). Expansion of testicular volume, particularly in early puberty, is a paracrine 

effect driven by expansion of Sertoli cells and germ cells mediated by local concentrations 

of intra-testicular testosterone (O’Donnell and Mclachlan, 2012). Thus, early increases in 

testicular volume may be less tightly correlated to circulating serum testosterone. Under 

such conditions, it may be possible for ∑NDL-PCBs to be simultaneously associated with 

expansion of testicular volume and a slight decline in serum testosterone, particularly if 

that decline is sub-clinical.  

However, in addition to earlier puberty, ∑NDL-PCBs were also linked with earlier 

attainment of sexual maturity by a variety of definitions (Burns et al., 2016). This added 

finding is more difficult to reconcile with the observed drop in serum testosterone – 

particularly if, as earlier suggested, that drop in testosterone also mediates declines in 

growth. Perhaps, then, the inconsistencies are a product of the crude exposure variable. 

As previously noted, ∑NDL-PCBs is a problematic measure that includes many congeners 

with potentially divergent mechanisms and effects. One of these congeners may act in 

opposition to the others, resulting in unexpected associations. Alternately, the results may 

be confounded by multiple unmeasured chemicals correlated with ∑NDL-PCBs, other 

unmeasured confounders, or simply be due to  chance. Whatever the case may be, these 

issues lie well beyond the scope of the current work to address. 

Our analysis is not without its limitations. Firstly, in restricting exposure 
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biomarker measurements to ages 8-9, we were unable to evaluate earlier exposure 

windows, such as the crucial perinatal period (Arnold, 2009). However, many of the 

organochlorine chemicals detected in this population have long half-lives – from 

approximately 7 years for TCDD to 22 years for highly-chlorinated NDL-PCBs like PCB 

189 (Milbrath et al., 2009). Thus, for at least some chemicals, our single exposure 

biomarker measurement is likely to reflect long-term retrospective childhood exposure. 

Nevertheless, future work in this cohort might consider analyzing high-persistence 

organochlorines separately, particularly if early-childhood or perinatal exposures are of 

interest. 

Another limitation relates to the nature of epidemiological research. Although this 

analysis links organochlorine chemicals with hormonal disruptions, it cannot elucidate 

the mechanisms behind these disruptions. Serum hormone measurements integrate 

biosynthesis, transport to target tissues, metabolism, and other processes (Nieschlag, 

Behre and Nieschlag, 2012; Gore et al., 2015); and our findings provide no insight 

regarding which of these may be targeted by organochlorine chemicals. Furthermore, the 

actual clinical consequences of the observed hormone patterns are unclear. Hormone 

effects depend not only on total serum concentrations, but also on hormone-receptor 

interaction. This, in turn, is a function of binding affinity, receptor availability, 

concentration of competing chemicals, transport to target tissues and nuclear activity 

once bound to receptor (Gore et al., 2015). Given these unknowns, it is difficult to predict 

the precise clinical impact of a decrease in total serum hormone. Nevertheless, we have 

attempted to consider the observed hormone changes within the larger context of growth 

and pubertal development in our cohort. Though admittedly speculative, this exercise 

may at least be useful in highlighting various knowledge gaps, as well as in offering 
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suggestions for future work. 

On the other hand, our study has many strengths, including a large cohort, long-

term follow-up, low attrition, and multiple repeated hormone measurements throughout 

adolescence. Furthermore, to our knowledge, this is the first analysis to investigate the 

links between boys’ organochlorine exposures in pre-puberty and long-term hormonal 

disruptions – and certainly the first to include the widely used ∑TEQs and ∑NDL-PCBs 

alongside an alternate, cluster-based set of exposures. As a result, several key insights 

have emerged: firstly, that prepubertal exposure to dioxins of any chlorination pattern 

may produce disruption in male sex hormones across puberty; secondly, that it may be of 

value to examine TEQ effects separately among higher- vs. lower-chlorinated dioxins; 

third, that NDL-PCBs may further subdivide into PCBs chlorinated at the 4,4’ or 2,2’ 

positions; and lastly, that at least some of the observed hormonal patterns may be relevant 

to previous findings of puberty and growth. We anticipate that these insights will 

contribute to our understanding of organochlorines and male puberty, and that they will 

prove of value in informing future work. 
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Chapter 4: Peripubertal serum levels of organochlorine chemicals 

and pubertal progression in a cohort of Russian boys 

 

Plaku, Bora; Lee, Mary; Sergeyev, Oleg; Korrick, Susan; Burns, Jane; Hauser, 

Russ; 

Williams, Paige L; for the Russian Children’s Study. 

 

Abstract 

Background. Dioxins, furans and polychlorinated biphenyls (PCBs) are persistent 

organic pollutants linked to industrial activity. In males, peripubertal exposure to these 

chemicals in has been linked to disruptions in pubertal timing and diminished sperm 

quality. However, their effects on male pubertal progression – the pace at which puberty 

unfolds – are unknown. 

Methods. The Russian Children’s Study is a prospective cohort of 516 boys residing 

near an organochlorine producing plant in Chapaevsk, Russia, enrolled in 2003-2005 at 

ages 8-9 years and followed annually until 2013-2016. Boys’ peripubertal serum dioxins, 

furans and PCBs were quantified from a single blood sample drawn at study entry. 

Testicular volume (TV) was evaluated annually over 11 years of follow-up using a Prader 

orchidometer. Group-based trajectory modeling (GBTM) was used to identify population 

trajectories of testicular volume over time, representing pubertal progression. Each boy 

was assigned to the trajectory of pubertal progression to which he most likely belonged 

based on Bayesian posterior probabilities. Proportional odds and multinomial logistic 

models were used to investigate the association of pubertal progression with serum dioxin 

toxic equivalents (∑TEQs excluding mono-ortho PCBs); lipid-adjusted m-PCB TEQs (m-
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PCB ∑TEQs); lipid-adjusted concentrations of dioxin, furan, c-PCBs and m-PCBs; and 

lipid-adjusted concentrations of non-dioxin-like PCBs (∑NDL-PCBs). 

 Results. In this cohort of Russian children, three mean trajectories of 

pubertal progression (accelerated, moderate, slower) were identified. Prepubertal serum 

∑TEQs and ∑PCDFs were associated with lower odds of being in the most rapid trajectory 

of pubertal progression, compared to the moderate trajectory (odds ratio (OR) 0.56, 95% 

CI 0.32, 0.99 for ∑TEQs; OR 0.52, 95% CI 0.33, 0.83 for ∑PCDFs). By contrast, increasing 

levels of prepubertal serum ∑NDL-PCBs were associated with a linear increase in the odds 

of a more accelerated pubertal progression trajectory (OR 2.02, 95% CI 1.00, 4.09 when 

controlling for TEQs; OR 2.24, 95% CI 1.10, 4.56 when controlling for concentrations of 

dioxins, furans, c-PCBs and m-PCBs). 

Conclusion. In this cohort of Russian boys residing in close proximity to a 

previously active organochlorine chemical plant, peripubertal exposure to dioxin-like 

toxic equivalents were associated with decreased odds of accelerated pubertal 

progression, while peripubertal exposure to non-dioxin-like PCBs were associated with 

increased odds of accelerated progression. These findings enrich prior observations from 

the Russian Children’s Study, in which peripubertal serum TEQs were associated with 

later pubertal onset and later sexual maturity, while peripubertal serum non-dioxin-like 

PCBs were associated with earlier onset and maturity. Disruptions in pubertal 

progression may be linked to negative mental and behavioral health outcomes in 

adolescence; and to our knowledge, this is the first study investigating the potential effects 

of peripubertal organochlorine chemicals on boys’ pubertal progression as measured by 

trajectories of testicular volume.  
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Introduction 

Polychlorinated dibenzo-dioxins (PCDDs), polychlorinated dibenzo-furans 

(PCDFs) and polychlorinated biphenyls (PCBs) are organic chemicals consisting of one or 

two carbon rings substituted with chlorine. For decades, these chemicals have been linked 

to industrial activity and widespread environmental contamination (Revich and 

Shelepchikov, 2008; Holoubek, 2015; Hens and Hens, 2018). Lipophilic, thermally stable 

and resistant to degradation, they bioaccumulate up the food chain, leading to significant 

human exposure through diet (Biegel, 1990; Hoogenboom et al., 2015). They are 

classified as endocrine disruptors for their potential to affect reproductive development 

(Rogan and Ragan, 2003; Diamanti-Kandarakis et al., 2009; Meeker and Hauser, 2010; 

Bergman et al., 2012; Chappell et al., 2015). In boys, peripubertal exposure to PCDDs, 

PCDFs and dioxin-like PCBs (DL-PCBs) is associated with delays in both pubertal onset 

and attainment of sexual maturity, while exposure to non-dioxin-like PCBs (NDL-PCBs) 

is associated with earlier onset and earlier maturity (Korrick et al., 2011; Burns et al., 

2016; Sergeyev et al., 2017). However, their effects on male pubertal progression – the 

pace or tempo at which puberty advances – are unknown.  

Lead is another common pollutant of potential relevance as an endocrine 

disruptor. This heavy metal is released into the environment as a result of industrial 

activity, dust from lead-based paint, deteriorating lead pipes, lead-containing consumer 

products, or past combustion of leaded gasoline (Levin et al., 2008; Deng et al., 2016). 

Numerous animal studies have linked it with disruption of sex hormone activities, 

gonadal damage, and in males, abnormal sperm production (Rodamilans et al., 1988; 

Allouche, Hamadouche and Touabti, 2009; Iavicoli, Fontana and Bergamaschi, 2009; 

Dorostghoal, Dezfoolian and Sorooshnia, 2011; Huang et al., 2017). In humans, male 
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exposure to lead during the peripubertal window is linked to delays in both pubertal onset 

and sexual maturity (Hauser et al., 2008; Williams et al., 2010, 2019). However, the 

association between lead and male pubertal progression is only now beginning to receive 

attention (Nkomo et al., 2018; Williams et al., 2019).  

Indeed, the tempo of pubertal progression is itself understudied as a clinically 

relevant outcome (Dorn and Biro, 2011), despite its importance in adolescent health and 

well-being (Marceau et al., 2011; Lee and Styne, 2013). Among boys in particular, 

disruptions in pubertal tempo are associated with elevated risk of adolescent adiposity, 

depression, externalizing behavior, substance use and low quality of family and peer 

relationships (reviewed in Cheng et al. 2019). In light of these findings, the potential 

dioxins, furans, PCBs and lead on the pace of male pubertal progression deserves further 

consideration.  

Methods 

Study Population 

The Russian Children’s Study is a prospective cohort of 516 boys residing in 

Chapaevsk, Russia. As described elsewhere, the boys were enrolled in 2003-2005 at ages 

8-9 years and followed annually until 2013-2016 (Williams et al., 2010; Korrick et al., 

2011; Burns et al., 2016, 2019; Minguez-Alarcon et al., 2016; Sergeyev et al., 2017). The 

current analysis includes the 489 boys who had blood drawn at baseline and who had at 

least one evaluation of testicular volume (TV) over 11 years of follow-up (Figure 12). Boys 

with no baseline questionnaire data and those with previous medical conditions were 

excluded as described previously (Burns et al., 2009). Boys with partially complete 

baseline questionnaires were retained and individual missing covariates imputed by 

applying the expectation-maximization (EM) algorithm to all covariates of interest 
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simultaneously (Dempster, Laird and Rubin, 1977). The study was approved by the 

human studies institutional review boards of the Chapaevsk Medical Association, 

Harvard T. H. Chan School of Public Health, Nemours Pediatric Health, and Brigham and 

Women’s Hospital. The parents or guardians signed an informed consent form and the 

boys an assent form prior to participation. Additionally, at age 18, the young men signed 

an informed consent form. 
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Figure 12. Study participation for 489 Russian boys in analytical dataset through the 11-year 

period from ages 8 to 19. 

 

 

At study entry, the parents or guardians completed nurse-administered health and 

lifestyle questionnaires ascertaining birth and medical history, maternal alcohol and 

smoking behaviors in pregnancy, parental education and household income. 

Additionally, a validated Russian Institute of Nutrition semi-quantitative food frequency 

questionnaire was used to collect information on each child’s diet (Rockett et al., 1997; 

Martinchik et al., 1998). 

Exposure Biomarker Quantification 

To quantify organochlorine chemicals, a single fasting whole blood sample was 

obtained at study entry at ages 8-9 years, aliquoted into serum and stored at -35°C until 

shipment on dry ice to the National Center for Environmental Health, Centers for Disease 

Control and Prevention (NCEH, CDC) (Burns et al., 2009, 2019; Korrick et al., 2011). 

Congeners were isolated from serum by a C18 solid phase extraction (SPE), then separated 

on a DB-5 MS capillary column followed by a multi-column automated cleanup and 
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enrichment procedure, and finally quantified using high-resolution mass spectrometry 

(Patterson et al., 1987; Turner et al., 1997; Barr et al., 2003; Sjödin et al., 2003). 

Measured values were available for the following analytes: 2,3,7,8-TCDD and -TCDF; 

1,2,3,7,8-PeCDD and -PeCDF; 2,3,4,7,8-PeCDF; 1,2,3,4,7,8-HxCDD and -HxCDF; 

1,2,3,6,7,8-HxCDD and -HxCDF; 1,2,3,7,8,9-HxCDD and -HxCDF; 2,3,4,6,7,8-HxCDF; 

1,2,3,4,6,7,8-HpCDD and -HpCDF; 1,2,3,4,7,8,9-HpCDF; OCDD; OCDF; c-PCBs 77, 81, 

126 and 169; m-PCBs 118, 156, 157, 167, 189; NDL-PCBs 28, 44, 49, 52, 66, 74, 87, 99, 101, 

110, 128, 138-158, 146, 149, 151, 153, 170, 172, 177, 178, 180, 183, 187, 194, 195, 196-203, 

199, 206, 209; and total lipids as described previously (Burns et al., 2009, 2019). For 

analyte concentrations below the level of detection (LOD), actual machine-read values 

were used, since this approach is thought to lead to less bias (Kim et al., 1995). 

For the blood lead, an additional 3-mL sample of venous blood was collected at 

study entry after cleansing the site with alcohol (Hauser et al., 2008). The whole blood 

was stored in Vacutainer tubes free of trace metals (Becton-Dickinson, Franklin Lakes, 

NJ, USA), then refrigerated at -35°C until shipment on dry ice to a commercial laboratory 

(ESA Laboratories, Inc., Chelmsford, MA, USA), where it was diluted with a matrix 

modifier solution and analyzed by Zeeman background-corrected flameless graphite 

furnace atomic absorption. All blood lead values were reported to the nearest ug/dL. 

Fourteen boys (<3%) had blood lead levels below the LOD of 1.0 ug/dL. For these boys, 

values were set to 0.5 ug/dL, since machine-read values below the LOD were not reported 

by the laboratory.  

Testicular Volume 

During baseline and annual follow-up visits, testicular volume was assessed for 

each testis separately by palpation and comparison with the Prader orchidometer (Prader 
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1966; Genentech, Inc., San Francisco, CA, USA). With the participant in the standing 

position, each testis was positioned vertically and the surrounding scrotal tissue pulled 

away to minimize measurement error. If hydrocele or other tissue anomalies were 

present, this was noted and the corresponding volume measurement was excluded from 

the analysis. If testicular volume fell between beads, the nearest bead volume was used. 

Testicular volumes larger than the maximum Prader bead (25 mL) were assigned a 

volume of 30 mL. The same pediatric endocrinologist (O. S.) assessed all testicular 

volumes across the entirety of follow-up, and each yearly assessment was conducted 

without reference to values from previous years. 

Statistical Analysis 

The outcome for our primary analysis was pubertal progression, conceptualized as 

growth in maximum left and right testicular volume from ages 8-19. This growth was 

modeled using group-based trajectory modeling (GBTM), a semi-parametric group-based 

approach for modeling developmental trajectories (Nagin, 1999, 2005; Andruff et al., 

2009; Jones, Nagin and Roeder, 2016). GBTM was used to identify distinctive profiles of 

testicular growth in the population. To capture the idea of pubertal progression over time, 

the trajectories of testicular volume were modeled as functions of age, with no other 

covariates predicting trajectory membership. Testicular volume at each age was assumed 

to follow a censored normal distribution with upper and lower limits at 1 and 30 mL, 

respectively (Nagin, 1999; Jones, Nagin and Roeder, 2016).  

Modeling pubertal progression via GBTM requires selecting the number of 

trajectories that best describes our data. To do this, we first modeled a wide range of 

trajectories as quadratic functions of age; and with each added trajectory, calculated the 

Bayesian Information Criterion (BIC) approximation to the log Bayes Factor (2ΔBIC) 
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(Jones, Nagin and Roeder, 2016). However, this empirical approach yielded nine pubertal 

trajectories in our population, a finding that we believed overfit the data. Thus, we 

combined insight from 2ΔBIC with prior findings from our cohort to identify a plausible 

number of trajectories. Using 2ΔBIC criteria, we determined that three trajectories 

seemed to fit the data better than two or one, and that cubic shape was preferable to 

quadratic, linear or zero-order. Additionally, we had previously observed both delays and 

accelerations in attainment of pubertal milestones, compared to a reference group (Burns 

et al., 2016). These findings were compatible with a minimum of three trajectories of 

pubertal progression, representing accelerated, moderate and slower development. The 

addition of a fourth developmental trajectory yielded an even slower-developing group 

that did not attain a testicular volume of 20 mL until after age 18, a full six years after the 

accelerated group. We believed this to be less reflective of previous findings from our 

cohort, in which average differences in the timing of pubertal milestones had never 

exceeded two years (Williams et al., 2010, 2019; Burns et al., 2016). Thus, we thought it 

reasonable to remove the fourth trajectory, and model three trajectories of pubertal 

progression in our cohort.  

The GBTM procedure also requires selecting a shape for the modeled trajectories. 

Again, 2ΔBIC criteria suggested modeling each trajectory as a quintic function of age. 

However, this, too, appeared to reflect overfitting and yielded unstable 95% confidence 

intervals. Thus, we modeled the trajectories of pubertal progression using a cubic function 

of age. We selected a cubic form because it seemed to best reflect the inflection points 

between early-, mid-, and late puberty. Furthermore, other literature has identified 

sigmoid curves as appropriate to describe pubertal progression (Marceau et al., 2011). 

Additionally, in our own models, the cubic shape seemed to yield the clearest separation 
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of the three trajectories. Lastly, the addition of higher-order age terms (beyond cubic) 

failed to change the essentially sigmoid shape of each trajectory, suggesting that a cubic 

function of age was sufficient to describe pubertal progression.  

Once we had selected the three-trajectory cubic model, each boy’s probability of 

belonging to a specific trajectory was calculated posteriorly. Each boy was then assigned 

to the trajectory to which he had the highest probability of belonging. That boy’s assigned 

trajectory of testicular volume was considered as his trajectory of pubertal progression for 

the purpose of further analysis. 

In the final analysis, multinomial logistic regression and ordinal logistic regression 

under a proportional odds assumption were used to model the association of peripubertal 

exposure to organochlorine chemicals and lead with trajectory of pubertal progression. 

Peripubertal exposure to dioxins, furans and dioxin-like c-PCBs was quantified as the sum 

of their lipid-adjusted serum toxic equivalents (∑TEQs). This reflects the hypothesis that 

these chemicals share a common mechanism of toxicity through the aryl hydrocarbon 

receptor (AhR), the effects of which are additive, making the sum of TEQs the most 

appropriate measure for these chemicals (Van den Berg et al., 2006). Consistent with past 

publications, ∑TEQs did not include the dioxin-like m-PCBs (Burns et al., 2009, 2019). 

Instead, m-PCBs were examined as their own lipid-adjusted TEQ (∑m-PCB TEQs), 

because their serum concentrations were at least an order of magnitude higher than those 

of other dioxin-like chemicals and might disproportionally influence the ∑TEQ measure. 

The remaining non-dioxin-like PCBs were lipid-adjusted and summed into ∑NDL-PCBs. 

In addition to examining TEQs, separate models also considered lipid-adjusted 

concentrations of the organochlorines (∑PCDDs, ∑PCDFs, ∑c-PCB, ∑m-PCB, ∑NDL-

PCB), to investigate the possibility of associations related to chemical class. In all models, 
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blood lead level was included as a continuous variable. Exposure variables were natural 

log-transformed before modeling. Lastly, we conducted sensitivity analyses replacing 

∑NDL-PCBs first with PCB 153, then with ∑PCBs 118, 138, 153 and 180. These PCBs 

contributed the most to the ∑NDL-PCBs measure in our cohort (Humblet et al., 2011); 

and are generally considered as “indicator” NDL-PCBs due to their persistence and 

ubiquity in human populations (Bonefeld-Jørgensen et al., 2001; IARC, 2016).  

All models were adjusted for the following characteristics: boys’ age at enrollment, 

baseline BMI z-score, daily kilocalories consumed as fat, estimated birthweight and 

breastfeeding history. These covariates were selected because 1) the published literature 

identifies them as potential predictors of boys’ pubertal outcomes (Sandhu et al., 2006; 

van Weissenbruch and Delemarre-van de Waal, 2006; Karaolis-Danckert et al., 2009; 

Wagner et al., 2013; Lee et al., 2015; Tremellen, 2016); and 2) they were associated with 

trajectory of pubertal progression in our cohort at a permissive significance threshold of 

α<0.15. Covariates that were flagged by the literature but did not meet this significance 

threshold (e.g., household income, maternal age at boys’ birth, maternal smoking or 

drinking during boys’ gestation, parental education, biological father’s presence in the 

home) were not included in the final models. Missing covariates were imputed by 

applying the expectation-maximization (EM) algorithm to all covariates of interest 

simultaneously (Dempster, Laird and Rubin, 1977).  

Results 

The analytical cohort of 489 boys were assigned to one of three trajectories of 

pubertal progression: accelerated (20%), moderate (43%) or slower (34%) progression 

(Figure 13). Mean age at enrollment (8.5 years) was approximately the same across 

trajectories (Table 10). However, boys in the more accelerated trajectories had 
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significantly higher age-adjusted height and BMI z-scores at study entry, as well as higher 

estimated birthweight. Furthermore, compared to boys in slower trajectories, faster-

developing boys seemed to reach more advanced Tanner stages earlier, and had lower 

serum TEQs and concentrations of PCDDs and PCDFs. Adding a fourth trajectory of 

pubertal progression (Table 11) did not meaningfully change these trends. 
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Figure 13. Best-fitting trajectories of testicular volume (TV) through ages 8-19 in a 

longitudinal cohort of 489 Russian boys 

TV Trajectories (95% CI) 

 
 
Trajectories were modeled using ages only; 95% confidence intervals are presented as 

dashed lines. Assumptions: 1) the distribution of TV is censored normal, with boundaries at 

TV=1 and TV=30; and 2) data is missing completely at random (MCAR). Best number and 

shape of trajectories were selected using an iterative process as described in Nagin (2005)
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Table 10. Selected demographic and health characteristics of 489 boys in the Russian Children’s Study (RCS) enrolled in 2003-

2005, by trajectories of testicular volume (TV) growth 

Characteristic a Trajectory  

 Accelerated -- Moderate -- Slower -- p  

Predicted n (%) 95 (19.5) 211 (43.1) 183 (37.4)  

Age (years), mean (SD) 8.3 (0.4) 8.4 (0.5) 8.4 (0.5) 0.16 

TV (mL), median (5th-95th percentile)     

   Age 12 (n= 409) 15 (8, 25) 6 (3, 12) 4 (2, 12) <.0001 

   Age 14 (n= 379) 30 (25, 30) 20 (12, 25) 12 (6, 20) <.0001 

   Age 16 (n= 348) 30 (30, 30) 30 (25, 30) 20 (15, 25) <.0001 

Tanner G staging, median (5th-95th percentile)     

   Age 12 (n=408) 3 (2-5) 2 (2-3) 2 (1-3) <.0001 

   Age 14 (n=379) 5 (4-5) 4 (3-5) 3 (2-5) <.0001 

   Age 16 (n=348) 5 (5-5) 5 (4-5) 5 (4-5) <.0001 

Tanner P staging, median (5th-95th percentile)     

   Age 12 (n=407) 2 (1, 3) 1 (1, 2) 1 (1, 3) <.0001 

   Age 14 (n=373) 4 (3, 5) 3 (1.5, 4) 3 (1, 4) <.0001 

   Age 16 (n=335) 5 (4, 5) 4 (3, 5) 4 (3, 5) <.0001 

Age-adjusted height z-score, mean (SD) b 28.8 (5.8) 27.8 (5.7) 24.8 (4.0) <.0001 

Age-adjusted BMI z-score, mean (SD) b 16.4 (2.3) 16.2 (2.4) 15.1 (1.7) <.0001 

Kilocalories (kcal) per day, mean (SD) 2910 (923) 2790 (994) 2817 (1005) 0.64 

   Percent kcal from fat 34 (6.0) 34 (5.7) 33 (6.1) 0.44 

   Percent kcal from protein 12 (1.7) 12 (1.4) 11 (1.7) 0.45 
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Table 10 (Continued) 

     

   Percent kcal from carbohydrates 54 (6.9) 54 (6.1) 55 (6.9) 0.35 

Weeks of gestation, mean (SD) 39.0 (1.5) 39.2 (1.5) 38.8 (2.1) 0.064 

Kilograms (kg) of birthweight, mean (SD) 3.5 (0.5) 3.4 (0.5) 3.2 (0.6) 0.0002 

Exposed to parental smoking in utero, n (%) 48 (52) 103 (47) 78 (49) 0.73 

Ever breastfed, n (%) 71 (85) 199 (90) 141 (87) 0.44 

Low parental income (< $163/month), n (%) c 25 (30) 78 (35) 62 (38) 0.43 

Highest parental education, n (%)     

  High school or less 5 (6) 15 (7) 17 (11) 0.30 

  Some college or junior college 46 (55) 135 (60) 98 (61) 0.62 

  College graduate 33 (39) 74 (33) 46 (29) 0.23 

Biological father lives in home, n (%) 57 (68) 154 (68) 99 (61) 0.28 

∑TEQ excl. m-PCBs, pg TEQ/g lip., median (25th-75th) 15.9 (10.7, 23.0) 19.2 (11.9, 30.5) 20.2 (13.4, 32.2) 0.01 

∑m-PCB TEQs, ng TEQ/g lipid 1.4 (1.0, 2.0) 1.5 (1.0, 2.3) 1.6 (1.1, 2.4) 0.14 

∑PCDD, pg/g lipid 123 (84, 162) 135 (93.7, 188.4) 135 (101, 195) 0.04 

∑PCDF, pg/g lipid 27.7 (19.7, 39.7) 34.3 (22.8, 48.3) 35.1 (24, 57.8) 0.01 

∑c-PCB, pg/g lipid 169 (120, 226) 180 (123, 258) 185 (142, 249) 0.19 

∑m-PCB, ng/g lipid 45.3 (33.9, 67.2) 51.6 (34.5, 77.9) 54.6 (37.3, 78.9) 0.14 

∑NDL-PCBs, ng/g lipid 164 (125, 270) 196 (122, 302) 208 (126, 321) 0.21 

Blood lead levels, ug/dL, mean (SD) 3 (2, 4) 3 (2.5, 5) 3 (2, 5) 0.10 

a Summary statistics for each characteristic were calculated among those with non-missing data for each characteristic. Missing 

information: n=19 for Calories, Fat, Protein and Carbohydrates (4 in trajectory 1, 13 in trajectory 2, 2 in trajectory 3); n=20 for 

Gestation (6 in trajectory 1, 11 in trajectory 2, 3 in trajectory 3); n=19 for birthweight (5 in trajectory 1, 11 in trajectory 2, 3 in 
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trajectory 3); n=27 for gestational smoking (7 in trajectory 1, 17 in trajectory 2, 3 in trajectory 3); n=21 for breastfeeding (5 in 

trajectory 1, 14 in trajectory 2, 2 in trajectory 3); n=16 for parental income and biological father present (4 in trajectory 1, 10 in 

trajectory 2, 2 in trajectory 3); and n=20 for parental education (6 in trajectory 1, 12 in trajectory 2, 2 in trajectory 3) 

b WHO sex- and age-adjusted Z-score: http://www.who.int/childgrowth/en. 

c Corresponds to 4999 Russian Rubles. Converted to USD using average exchange rate in 2003 (1 USD = 30.692 Russian 

Rubles). OECD (2019), Exchange rates (indicator). doi: 10.1787/037ed317-en.  

  

http://www.who.int/childgrowth/en
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Table 11. Selected demographic and health characteristics of 489 boys in the Russian Children’s Study (RCS) enrolled in 2003-

2005, by trajectories of testicular volume (TV) growth 

Characteristic a Trajectory 

 Accelerated -- Moderat. Accelerat. -- Moderate -- Slower -- p 

Age (years), mean (SD) 8.3 (0.5) 8.4 (0.5) 8.4 (0.5) 8.4 (0.5) 0.48 

TV (mL), median (5th – 95th pctl.)      

     Age 12 (n= 409) 15 (8, 25) 6 (4, 12) 5 (2, 15) 4 (2, 10) <.0001 

     Age 14 (n= 379) 30 (25, 30) 20 (12, 25) 15 (8, 25) 10 (5, 20) <.0001 

     Age 16 (n= 348) 30 (30, 30) 30 (30, 30) 25 (20, 30) 20 (15, 25) <.0001 

Tanner G, median (5th– 95th pctl.)      

     Age 12 (n=408) 3 (3, 5) 2 (2, 3) 2 (1, 3) 2 (1, 3) <.0001 

     Age 14 (n=379) 5 (4, 5) 4 (3, 5) 4 (3, 5) 3 (2, 5) <.0001 

     Age 16 (n=348) 5 (5, 5) 5 (5, 5) 5 (4, 5) 5 (3, 5) <.0001 

Tanner P, median (5th– 95th pctl.)      

     Age 12 (n=407) 2 (1, 3) 1 (1, 2) 1 (1, 3) 1 (1, 3) <.0001 

     Age 14 (n=373) 4 (3, 5) 3 (2, 4) 3 (1, 4) 2 (1, 4) <.0001 

     Age 16 (n=335) 5 (4, 5) 5 (3, 5) 4 (3, 5) 4 (2, 5) <.0001 

Age-adj. height z-score, mean (SD) 0.57 (0.95) 0.20 (0.84) -0.00 (1.02) -0.38 (1.05) <.0001 

Age-adj. BMI z-score, mean (SD) 0.20 (1.68) 0.02 (1.29) -0.19 (1.19) -0.91 (1.12) <.0001 

Kilocalories (kcal)/day, mean (SD) 2953 (935) 2741 (952) 2831 (1028) 2810 (994) 0.51 

Percent kcal from fat 34 (6.0) 34 (5.6) 34 (6.0) 33 (5.9) 0.57 

Percent kcal from protein 12 (1.7) 12 (1.4) 12 (1.7) 11 (1.4) 0.18 

Percent kcal from carbohydrates 54 (7.0) 55 (5.9) 54 (6.8) 56 (6.5) 0.36 
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Table 11 (Continued) 

      

Weeks of gestation, mean (SD) 38.9 (1.6) 39.4 (1.4) 38.9 (1.8) 38.9 (2.2) 0.04 

kg birthweight, mean (SD) 3.5 (0.5) 3.4 (0.5) 3.3 (0.5) 3.2 (0.5) 0.0003 

Exposed to smoking in utero, n (%) 39 (51) 64 (46) 75 (45) 46 (55) 0.44 

Ever breastfed, n (%) 66 (86) 123 (88) 149 (89) 73 (86) 0.81 

Low income (< $163/mo.), n (%) e 24 (31) 45 (32) 64 (37) 32 (38) 0.64 

Highest parental education, n (%)      

     High school or less 4 (5) 7 (5) 18 (11) 8 (10) 0.24 

     Some college or junior college 42 (55) 87 (63) 105 (62) 45 (54) 0.39 

     College graduate 31 (40) 45 (32) 46 (27) 31 (37) 0.18 

Biological father lives in home, n (%) 51 (66) 96 (69) 112 (66) 51 (60) 0.63 

∑TEQ excl. m-PCBs, pg TEQ/g lip., 

median (25th-75th pctl.) 

15.9 

(11.3, 23) 

19.7 

(11.2, 29.1) 

18.6 

(12.7, 30.9) 

21 

(14.1, 32.2) 

0.04 

∑m-PCB TEQs, ng TEQ/g lipid 1.3 (1, 2.2) 1.6 (1, 2.4) 1.5 (1.1, 2.3) 1.6 (1.1, 2.4) 0.32 

∑PCDD, pg/g lipid 122.8 

(85.3, 168) 

137.4 

(93.7, 191.3) 

125.9 

(93.7, 187.9) 

140.8 

(108.2, 193.8) 

0.08 

∑PCDF, pg/g lipid 28.3 

(19.7, 39.7) 

32.9 

(23.2, 47) 

34.4 

(21.8, 52.6) 

36.6 

(25.8, 57.7) 

0.02 

∑c-PCB, pg/g lipid 168.8 

(119.3, 225.8) 

175.7 

(123, 236.2) 

182.4 

(135.4, 265.2) 

184.9 

(138.4, 242.5) 

0.24 

∑m-PCB, ng/g lipid 44.8 

(33.9, 72.1) 

54 

(33.8, 78.4) 

51.6 

(35.8, 78.2) 

53.2 

(37.3, 81.2) 

0.32 
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Table 11 (Continued) 

      

∑NDL-PCBs, ng TEQ/g lipid 160.7 

(121.1, 269.6) 

193.6 

(121.1, 300.5) 

198.9 

(122.8, 302.2) 

223.9 

(126.9, 381) 

0.19 

Blood lead levels, ug/dL 3 (2, 4) 3 (3, 5) 3 (2, 4) 4 (2, 6) 0.08 

Abbreviations: RCS: Russian Children’s Study  

a Summary statistics for each characteristic were calculated among those with non-missing data for each characteristic. Missing 

information: n=19 for Calories, Fat, Protein and Carbohydrates (2, 2, 11 and 4 missing from fastest to slowest trajectories 

respectively); n=20 for gestation; n=19 for birthweight (5 in trajectory 1, 11 in trajectory 2, 3 in trajectory 3); n=27 for 

gestational smoking (7 in trajectory 1, 17 in trajectory 2, 3 in trajectory 3); n=21 for breastfeeding (5 in trajectory 1, 14 in 

trajectory 2, 2 in trajectory 3); n=16 for parental income and biological father present (4 in trajectory 1, 10 in trajectory 2, 2 in 

trajectory 3); and n=20 for parental education (6 in trajectory 1, 12 in trajectory 2, 2 in trajectory 3) 

b WHO sex- and age-adjusted Z-score: http://www.who.int/childgrowth/en. 

c WHO threshold for underweight is BMI Z-score < -2: http://www.who.int/childgrowth/en. 

d WHO threshold for obese is BMI Z-score > 2: http://www.who.int/childgrowth/en. 

e Corresponds to 4999 Russian Rubles. Converted to USD using average exchange rate in 2003 (1 USD = 30.692 Russian 

Rubles). OECD (2019), Exchange rates (indicator). doi: 10.1787/037ed317-en.  
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In ordinal logistic models, increased serum ∑NDL-PCBs were associated with a 

higher likelihood of being in the faster trajectories of pubertal progression, compared to 

slower trajectories (Table 12, Models 1 and 2). When the odds of each trajectory were 

examined in multinomial models, ∑NDL-PCBs seemed most strongly associated with 

being in the accelerated trajectory compared to either of the others, increasing the odds 

of being in the accelerated trajectory by 233% (Table 12, Model 1) and 281% (Table 12, 

Model 2) compared to the slowest trajectory, and by 157% (Table 12, Model 1) and 163% 

(Table 12, Model 2) compared to the moderate trajectory. By contrast, ∑NDL-PCBs did 

not significantly increase the odds of being in the moderate vs. slowest trajectory, though 

the non-significant ORs of 1.3 (Table 12, Model 1) and 1.45 (Table 12, Model 2) support 

the linear trend observed in the ordinal logistic models.  

  



 

114 

 

1
1

4
 

Table 12. Trajectories of testicular volume (mL) regressed against dioxins, furans and sum of non-dioxin-like PCBs in a 

longitudinal cohort of 489 Russian boys enrolled in 2003-2005. 

 

 Model 1: trajectories vs. serum dioxin TEQs, NDL-PCBs 

Multinomial logistic, AIC 976.7 Ordinal logistic, AIC 974.5 

 ORaccelerated vs.  slower ORaccelerated vs.  moderate ORmoderate vs.  slower Linear OR accel.  vs.  mod.vs.  slow 

 (95% CI) (95% CI) (95% CI) (95% CI) 

∑TEQ excl. m-PCBs 

ln(pg TEQ/g lipid) 

 

0.66 

(0.36, 1.21) 

 

0.56 

(0.32, 0.99) 

 

1.18 

(0.74, 1.88) 

 

0.84 

(0.57, 1.23) 

 

∑m-PCB TEQs, 

ln(ng TEQ/g lipid) 

 

0.46 

(0.16, 1.36) 

 

0.65 

(0.24, 1.77) 

 

0.71 

(0.31, 1.58) 

 

0.61 

(0.31, 1.19) 

 

∑NDL-PCBs, 

ln(ng /g lipid) 

 

3.33 

(1.08, 10.32) 

 

2.57 

(0.91, 7.22) 

 

1.3 

(0.55, 3.08) 

 

2.02 

(1.00, 4.09) 

 

blood lead level, 

ln(ug/dL) 

 

0.68 

(0.41, 1.12) 

 

0.82 

(0.51, 1.31) 

 

0.83 

(0.57, 1.2) 

 

0.77 

(0.57, 1.05) 

 

Age at enrollment, 

years 

 

0.50 

(0.25, 0.998) 

 

0.49 

(0.26, 0.92) 

 

1.03 

(0.63, 1.69) 

 

0.73 

(0.48, 1.1) 
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Table 12 (Continued) 

     

height-adjusted BMI z 

 

 

1.73 

(1.34, 2.24) 

 

1.09 

(0.87, 1.36) 

 

1.59 

(1.31, 1.94) 

 

1.44 

(1.24, 1.68) 

 

Kilocal/day, 

100-cal units 

 

1.02 

(0.99, 1.05) 

 

1.02 

(0.99, 1.05) 

 

1.00 

(0.97, 1.02) 

 

1.01 

(0.99, 1.03) 

 

birthweight, kg 

 

1.89 

(1.07, 3.32) 

1.24 

(0.73, 2.09) 

1.53 

(1.00, 2.33) 

1.57 

(1.11, 2.23) 

ever breastfed 

 

 

0.68 

(0.32, 1.48) 

 

0.55 

(0.27, 1.12) 

1.25 

(0.66, 2.36) 

0.81 

(0.48, 1.34) 

 
 

 
  

H0 proportional odds: 

𝛸𝑑𝑓=9
2 = 14.1, 𝑝 = 0.12 

 Model 2: trajectories vs. serum dioxins, NDL-PCBs 

Multinomial logistic (AIC 972.9) Ordinal logistic (AIC 973.5) 

 𝑂𝑅𝑎𝑐𝑐𝑒𝑙𝑒𝑟𝑎𝑡𝑒𝑑 𝑣𝑠.  𝑠𝑙𝑜𝑤𝑒𝑟 𝑂𝑅𝑎𝑐𝑐𝑒𝑙𝑒𝑟𝑎𝑡𝑒𝑑 𝑣𝑠.  𝑚𝑜𝑑𝑒𝑟𝑎𝑡𝑒 𝑂𝑅𝑚𝑜𝑑𝑒𝑟𝑎𝑡𝑒 𝑣𝑠.  𝑠𝑙𝑜𝑤𝑒𝑟 𝐿𝑖𝑛𝑒𝑎𝑟 𝑂𝑅 𝑎𝑐𝑐𝑒𝑙.  𝑣𝑠.  𝑚𝑜𝑑.  𝑣𝑠.  𝑠𝑙𝑜𝑤 

 (95% CI) (95% CI) (95% CI) (95% CI) 

∑PCDD, ln(pg/g lipid) 0.81  

(0.44, 1.51) 

 

1.06  

(0.59, 1.91) 

0.77  

(0.47, 1.27) 

0.85  

(0.57, 1.26) 
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Table 12 (Continued) 

 

∑PCDF, ln(pg/g lipid) 0.69  

(0.43, 1.10) 

 

0.52  

(0.33, 0.83) 

1.32  

(0.90, 1.93) 

0.88  

(0.66, 1.18) 

∑c-PCB, ln(pg/g lipid) 0.74  

(0.33, 1.67) 

 

1.00  

(0.48, 2.10) 

0.74  

(0.41, 1.36) 

0.78  

(0.47, 1.27) 

∑m-PCB, ln(ng/g lip.) 0.44  

(0.15, 1.34) 

 

0.55  

(0.20, 1.53) 

0.81  

(0.35, 1.83) 

0.63  

(0.32, 1.24) 

∑NDL-PCB, ln(ng/g 

lip.) 

3.81  

(1.22, 11.94) 

 

2.63  

(0.92, 7.46) 

1.45  

(0.60, 3.50) 

2.24  

(1.10, 4.56) 

blood lead level, 

ln(ug/dL) 

0.70  

(0.42, 1.17) 

0.88  

(0.54, 1.42) 

0.79  

(0.55, 1.15) 

 

0.77  

(0.56, 1.05) 

Age at enrollment, 

years 

0.51  

(0.25, 1.04) 

0.45  

(0.23, 0.88) 

1.13  

(0.68, 1.87) 

0.76  

(0.50, 1.16) 

 

height-adjusted BMI 

z-score 

1.73  

(1.33, 2.24) 

 

1.08  

(0.86, 1.36) 

1.60  

(1.31, 1.96) 

1.44  

(1.23, 1.68) 
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Table 12 (Continued) 

     

Daily kilocalories, 

100-kcal units 

1.02  

(0.99, 1.05) 

 

1.02  

(0.99, 1.05) 

1.00  

(0.98, 1.02) 

1.01  

(0.99, 1.03) 

birthweight, kg 1.96  

(1.11, 3.46) 

 

1.27  

(0.75, 2.16) 

1.54  

(1.003, 2.35) 

1.60  

(1.12, 2.27) 

ever breastfed 0.64  

(0.29, 1.39) 

0.51  

(0.25, 1.05) 

1.25  

(0.66, 2.39) 

0.79  

(0.47, 1.31) 

    H0 proportional odds: 

Χ𝑑𝑓=11
2 = 18.3, 𝑝 = 0.07 
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The second finding of note is that serum ∑TEQs were associated with a significant 

44% decrease in the odds of being in the accelerated compared to the moderate trajectory, 

and a non-significant 34% decrease in the odds of being in the accelerated compared to 

the slower trajectory (Table 12, Model 1). A similar pattern was observed with serum 

PCDFs concentrations when dioxin-like chemicals were examined by concentration 

instead of TEQ (Table 12, Model 2). Moreover, the ordinal logistic model suggests that 

increasing serum concentrations of dioxin-like chemicals were associated with decreasing 

odds of being in faster trajectories (see Table 12, Model 2, linear ORs of 0.85, 0.88, 0.78 

and 0.63 for serum PCDDs, PCDFs, c-PCBs and m-PCBs, respectively). Although none of 

these associations were significant, the trends were consistent with those observed in 

Model 1. 

We also conducted sensitivity analyses, in which ∑NDL-PCBs were represented by 

NDL-PCB 153 (Table 13, Model 1) and ∑NDL-PCBs 118, 138, 153 and 180 (Table 13, Model 

2). In multinomial models, increased serum levels of PCB 153 were associated with 

significantly higher odds of being in the accelerated pubertal trajectory, compared to 

either the medium or slower trajectories (Table 13, Model 1); however,  associations 

between other exposures and pubertal trajectories remained essentially unchanged 

(Table 13, Model 1). On the other hand, substituting ∑NDL-PCBs with ∑NDL-PCBs 118, 

138, 153 and 180 did elevate to significance the effect of m-PCB TEQs (Table 13, Model 

2). In previous models, higher m-PCBs – whether by TEQ or by concentration – had been 

associated with lower odds of being in the faster trajectories, but these associations had 

been non-significant. However, when ∑NDL-PCBs 118, 138, 153 and 180 were used in lieu 

of ∑NDL-PCBs, higher m-PCB TEQs lowered the odds of being in the accelerated vs. 

medium trajectory by a significant 71% (Table 13, Model 2).  
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Table 13. Trajectories of testicular volume (mL) regressed against dioxins, furans and select non-dioxin-like PCBs in a 

longitudinal cohort of 489 Russian boys enrolled in 2003-2005. 

 

 Model 1: trajectories vs. serum TEQs and NDL-PCB 153  

Multinomial logistic, AIC 974.0 Ordinal logistic, AIC 975.1 

 ORaccelerated vs.  slower ORaccelerated vs.  moderate ORmoderate vs.  slower Linear OR accel.  vs.  mod.vs.  slow 

 (95% CI) (95% CI) (95% CI) (95% CI) 

∑TEQ excl. m-PCBs 

ln(pg TEQ/g lipid) 

 

0.63  

(0.34, 1.18) 

 

0.49  

(0.27, 0.89) 

 

1.28  

(0.79, 2.06) 

 

0.82 

(0.56, 1.22) 

 

∑m-PCB TEQs, 

ln(ng TEQ/g lipid) 

 

0.55  

(0.21, 1.41) 

 

0.58  

(0.24, 1.41) 

 

0.94  

(0.47, 1.88) 

 

0.72  

(0.4, 1.28) 

 

NDL-PCB 153, 

ln(ng /g lipid) 

 

2.86  

(1.11, 7.40) 

 

3.3  

(1.36, 7.98) 

 

0.87  

(0.42, 1.81) 

 

1.72  

(0.95, 3.12) 

 

blood lead level, 

ln(ug/dL) 

 

0.7  

(0.42, 1.15) 

 

0.83 

(0.52, 1.33) 

 

0.84  

(0.58, 1.21) 

 

0.79  

(0.58, 1.07) 

 

Age at enrollment, 

years 

 

0.6  

(0.32, 1.13) 

 

0.54  

(0.3, 0.97) 

 

1.12  

(0.71, 1.76) 

 

0.81 

(0.55, 1.18) 
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Table 13 (Continued) 

     

height-adjusted BMI z 

 

 

1.78  

(1.37, 2.32) 

 

1.14  

(0.91, 1.44) 

 

1.57  

(1.28, 1.92) 

 

1.46  

(1.25, 1.71) 

 

Kilocal/day, 

100-cal units 

 

1.02  

(0.99, 1.05) 

 

1.02  

(1.00, 1.05) 

 

0.99  

(0.97, 1.02) 

 

1.01  

(0.99, 1.03) 

 

birthweight, kg 

 

1.81  

(1.02, 3.20) 

1.17  

(0.69, 1.99) 

1.55  

(1.01, 2.37) 

1.54  

(1.08, 2.19) 

 

ever breastfed 

 

0.62 (0.28, 1.36) 0.47 (0.23, 0.99) 1.31 (0.68, 2.50) 0.78 (0.46, 1.30) 

 
 

 
  

H0 proportional odds: 

𝛸𝑑𝑓=9
2 = 18.0, 𝑝 = 0.03 

 Model 2: trajectories vs. serum TEQs and select NDL-PCBs  

Multinomial logistic, AIC 972.2 

 

Ordinal logistic, AIC 975.3 

 𝑂𝑅𝑎𝑐𝑐𝑒𝑙𝑒𝑟𝑎𝑡𝑒𝑑 𝑣𝑠.  𝑠𝑙𝑜𝑤𝑒𝑟 𝑂𝑅𝑎𝑐𝑐𝑒𝑙𝑒𝑟𝑎𝑡𝑒𝑑 𝑣𝑠.  𝑚𝑜𝑑𝑒𝑟𝑎𝑡𝑒 𝑂𝑅𝑚𝑜𝑑𝑒𝑟𝑎𝑡𝑒 𝑣𝑠.  𝑠𝑙𝑜𝑤𝑒𝑟 𝐿𝑖𝑛𝑒𝑎𝑟 𝑂𝑅 𝑎𝑐𝑐𝑒𝑙.  𝑣𝑠.  𝑚𝑜𝑑.  𝑣𝑠.  𝑠𝑙𝑜𝑤 

 (95% CI) (95% CI) (95% CI) (95% CI) 

∑TEQ excl. m-PCBs 

ln(pg TEQ/g lipid) 

 

0.62  

(0.33, 1.15) 

 

0.47  

(0.26, 0.84) 

 

1.32  

(0.81, 2.13) 

 

0.82  

(0.56, 1.22) 
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Table 13 (Continued) 

 

∑m-PCB TEQs, 

ln(ng TEQ/g lipid) 

 

0.33 

(0.09, 1.17) 

 

0.29  

(0.09, 0.94) 

 

1.15  

(0.44, 3.00) 

 

0.57  

(0.26, 1.25) 

 

∑NDL-PCBs 118, 138 

153, 180, ln(ng /g lip.) 

 

4.73  

(1.23, 18.13) 

 

6.92  

(1.96, 24.48) 

 

0.68  

(0.24, 1.96) 

 

2.13  

(0.91, 5.01) 

 

blood lead level, 

ln(ug/dL) 

 

0.7  

(0.42, 1.15) 

 

0.83 

(0.52, 1.33) 

 

0.84  

(0.58, 1.21) 

 

0.79  

(0.58, 1.08) 

 

Age at enrollment, 

years 

 

0.59  

(0.31, 1.11) 

0.52  

(0.28, 0.94) 

1.14  

(0.72, 1.80) 

0.81  

(0.55, 1.18) 

height-adjusted BMI z 

 

 

1.78  

(1.37, 2.30) 

 

1.14  

(0.91, 1.44) 

 

1.56 

(1.27, 1.90) 

 

1.45  

(1.24, 1.70) 

 

Kilocal/day, 

100-cal units 

 

1.02  

(0.99, 1.05) 

 

1.02  

(1.00, 1.05) 

 

0.99  

(0.97, 1.02) 

 

1.01  

(0.99, 1.03) 
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Table 13 (Continued) 

 

birthweight, kg 

 

1.82  

(1.02, 3.23) 

1.17  

(0.69, 2.00) 

1.55  

(1.02, 2.38) 

1.54  

(1.09, 2.19) 

 

ever breastfed 

 

0.63  

(0.29, 1.38) 

0.47  

(0.23, 0.99) 

1.33  

(0.7, 2.53) 

0.79  

(0.47, 1.32) 

    H0 proportional odds: 

Χ𝑑𝑓=9
2 = 20.0, 𝑝 = 0.02 
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Lastly, in all models, blood lead levels were associated with a decrease in the odds 

of being in faster vs. slower trajectories. However, this decrease did not reach statistical 

significance in any model.  

Discussion 

To our knowledge, the current work is the first to examine the association between 

organochlorine chemicals and pubertal progression as measured by growth in testicular 

volume. We observed that higher serum PCDFs and total TEQs lowered the odds of being 

in the most rapid trajectory of pubertal progression. This is broadly consistent with 

previous analyses within our cohort, in which TEQs were associated with later pubertal 

onset (as defined by testicular volume >3 mL), as well as later attainment of sexual 

maturity (testicular volume > 20 mL) (Korrick et al., 2011; Burns et al., 2016; Sergeyev et 

al., 2017). The underlying mechanisms for these pubertal delays are thought to relate to 

dioxins’ affinity for the cytosolic aryl hydrocarbon receptor (AhR). The activation of this 

receptor is believed to exert anti-androgenic effects by inhibiting androgen-mediated 

gene transcription and upregulating enzymes that degrade androgen receptors (Jana et 

al., 1999; Barnes-Ellerbe, Knudsen and Puga, 2004; Morrow et al., 2004; Van den Berg 

et al., 2006; Murray, Patterson and Perdew, 2014; Ghotbaddini and Powell, 2015). The 

net result – decreased levels of bioavailable testosterone – may underlie the association 

between higher dioxins and slower pubertal pace observed here (Raivio et al., 2004).  

However, the current findings also raise questions. Namely, while TEQs were 

observed to decrease the odds of being among the fastest progressors (compared to the 

medium-progressing group), they did not likewise increase the odds of being among the 

slowest progressors (compared to either of the other progression groups). This finding is 

difficult to interpret. It may suggest that faster-developing boys are more sensitive to the 
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effects of dioxins than others, an intriguing possibility that deserves further study. 

Alternatively, it is possible that the slowest developers are systematically different from 

other boys for unknown reasons. Although we attempted to guard against this possibility 

by identifying all important predictors of pubertal trajectory, as well as by excluding boys 

with pathologies that may predict slower development, we may have omitted important 

unmeasured predictors of slower development. Lastly, it is possible that the slowest-

developing trajectory was misspecified, and additional developmental groups were 

required to properly detect the effect of dioxins on slower developers. However, in the 

univariate analyses (Table 11), adding a fourth trajectory did not essentially affect the 

pattern of TEQ and dioxin-like concentrations across trajectories, provisionally 

suggesting that the addition of one developmental group may not meaningfully change 

results. Nevetheless, future work should consider additional trajectories in a multivariate 

setting that adjusts for relevant covariates.  

The present analysis also found an association between higher serum non-dioxin-

like PCBs and accelerated pubertal progression. Consistent with this association, we had 

previously shown that higher serum NDL-PCBs were associated with earlier pubertal 

onset and sexual maturity (Burns et al., 2016). Because NDL-PCBs comprise such a 

diverse group of chemicals with potentially varied effects, it is difficult to speculate about 

potential underlying mechanisms driving this association. However, our sensitivity 

analyses showed that this association persisted when ∑NDL-PCBs was replaced with PCB 

153 (Table 13, Model 1), and grew stronger when ∑NDL-PCBs was replaced with ∑NDL-

PCB 118, 138, 153 and 180 (Table 13, Model 2). Of course, it is possible that these 

substitutions might have introduced confounding by removing some NDL-PCBs from the 

exposure measurement. However, given that NDL-PCBs 118, 138, 153 and 180 are the 
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most prominent components of our ∑NDL-PCBs measure (Humblet et al., 2011), it is 

much more likely that any association of ∑NDL-PCBs with accelerated pubertal 

progression was, in fact, driven chiefly by these congeners.  

Be that as it may, the mechanism behind this association remains unclear. 

Testosterone may play a mediating role, given its importance to pubertal progression 

(Raivio et al., 2004). However, if so, we would expect a positive association between NDL-

PCBs and serum testosterone – such as that observed in a cross-sectional sample of 14- 

to 15-year old Flemish boys (Dhooge et al., 2011). Instead, we have found the reverse to 

be true in our cohort. In a previous analysis, peripubertal exposure to NDL-PCBs was 

associated with lower mid-pubertal concentrations of total serum testosterone (see 

Chapter 3). These findings suggest that, if peripubertal exposure to NDL-PCBs does 

indeed accelerate pubertal tempo, it may do so in ways that are complex and not directly 

reflected in overall circulating serum sex hormones. 

Lastly, the current work observed no significant associations between peripubertal 

blood lead levels and pace of pubertal progression. This is consistent with past findings 

from this cohort, which showed no significant associations between blood lead levels and 

duration of pubertal progression, defined as the time it took to progress from a testicular 

volume >3 mL to > 20 mL (Williams et al., 2019). In further corroboration of these 

findings, a South African study observed no significant associations between boys’ blood 

lead levels at age 13 and pace of progression through various pubertal stages (Nkomo et 

al., 2018). However, according to previous work on our cohort, higher peripubertal blood 

lead levels were associated with delays in both pubertal onset and sexual maturity, even 

as the actual interval of progression appeared to remain unaffected (Hauser et al., 2008; 

Williams et al., 2010, 2019). These seemingly contradictory results raise the question of 
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whether peripubertal lead exposure can delay pubertal onset and sexual maturity without 

significantly slowing pubertal tempo. One possibility is that differential timing of lead 

exposure underlies these results. It may be that lead exposure in late childhood delays 

sexual maturity by, for instance, affecting physical growth (Williams et al., 2019), or 

directly acting upon the testes (Li et al., 2016); whereas lead exposure during other 

developmental periods, such as the organizational prenatal period, may more 

fundamentally disrupt the neural development of the hypothalamus and pituitary 

(Arnold, 2009), with potential downstream consequences for pubertal tempo in 

particular. After all, prenatal exposure to lead is well known to affect brain development 

in utero, resulting in, e.g., cognitive impairments in very young children (Bellinger et al., 

1987; Boucher et al., 2014; Liu et al., 2014). Consistent with this theory, there is some 

support for the link between prenatal lead exposure and slower pubertal tempo in boys 

(Nkomo et al., 2018). However, the particular mechanisms driving this association with 

pubertal tempo are unknown. 

This analysis is among the few to explicitly model pubertal progression, and the 

first to do so in the context of peripubertal organochlorine exposure. To capture the pace 

of pubertal progression, we used a group-based trajectory approach that is both easy to 

apply and intuitive to interpret. However, the use of this approach presupposes that the 

myriad individual profiles of pubertal progression can be partitioned into a limited 

number of group trajectories (Nagin, 1999). This may not in fact be the case. Instead, it 

may be that pubertal progression varies continuously in the population and cannot be 

accurately reduced to a handful of mean profiles. In further support of this, the 2ΔBIC 

criterion indicated the desirability of a large number of pubertal trajectories, suggesting 

that, in our cohort at least, individual pubertal progression may not be reducible to a 
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handful of discrete groups. In light of this, it may be useful for future analyses to move 

away from the group-based trajectory framework, in favor of hierarchichal approaches 

that explicitly model individual pubertal differences from the group mean (Marceau et 

al., 2011). 

The strengths of the current study include a longitudinal design spanning a ten-

year period from ages 8-19; frequent repeated measurements of pubertal progression; 

and the use of testicular volume as a more reliable alternative to visual inspection of 

pubertal staging (Biro et al., 1995; Slora et al., 2009). To assess testicular volume, we 

relied on the Prader orchidometer, which consists of 12 ellipsoid beads ranging from 1 to 

25 mL in volume (Prader, 1966). Although this tool tends to overestimate testicular 

volume by approximately 6 mL in the pediatric setting (Diamond et al., 2000), it 

nevertheless yields values highly correlated with actual testicular volume as measured by 

more accurate methods, such as water displacement and ultrasonography (Diamond et 

al., 2000; Sakamoto et al., 2007). Additionally, it has been shown to have good intra-rater 

reliability, supporting its utility in the research setting (Slora et al., 2009). 

 This analysis also has limitations. Notably, organochlorine chemicals was 

measured only once, when the boys were aged 8-9. Thus, serum levels are only 

representative of body burdens in the peripubertal period. Other important exposure 

windows – for instance perinatal and lifetime cumulative exposure – are not fully 

captured. It is true that certain congeners have long half-lives; 2,3,7,8-TCDD, for 

instance, has a half-life of approximately 7 years (Milbrath et al., 2009). Perhaps for these 

long-lived chemicals, serum levels at ages 8-9 may accurately reflect cumulative lifetime 

body burden. However, since not all congeners fall into this category, serum 

organochlorine chemicals at ages 8-9 should be considered as reflective of body burden 
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at the time of measurement. Fortunately, because almost all measured congeners have a 

half-life of days to weeks, a single fasting blood sample is likely sufficient to represent 

ongoing exposure, free from error due to diurnal fluctuations.  

Another potential limitation may be residual confounding by organochlorine 

pesticides. The Russian cohort was also exposed to β-hexachlorocyclohexane (β-HCH) 

and hexachlorobenzene (HCB), since β-HCH was produced at the nearby plant, and HCB 

was found in local eggs (Revich et al., 2007; Revich and Shelepchikov, 2008). However, 

only 355 boys’ peripubertal serum samples were analyzed for these pesticides (Lam et al., 

2014, 2015). Thus, including HCB and β-HCH as model covariates would have severely 

restricted our power. We considered imputing missing pesticide values using known 

predictors of peripubertal serum pesticides in this cohort (Lam et al., 2013), and 

repeating the analysis on this imputed population. However, this approach entailed 

imputing values for more than 100 boys; and if the imputation itself suffered from 

residual confounding, this bias – magnified by the large numbers of imputed values – 

would enter the main analysis and affect the validity of the results. For these reasons, we 

elected to exclude organochlorine pesticides from the current analysis.  

These limitations notwithstanding, our findings make a novel contribution to the 

literature on organochlorine chemicals and male pubertal progression. In our male 

cohort, peripubertal exposure to dioxins and furans was associated with delayed pubertal 

progression, a finding entirely consistent with the literature on dioxin-like effects. 

However, we also found a strong association between peripubertal exposure to non-

dioxin-like PCBs and accelerated pubertal progression. If real, this somewhat surprising 

result deserves further study, and we hope will inspire future investigations into potential 

mechanisms of effect. 
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Chapter 5: Conclusion 

Dioxins, furans, and PCBs are potential endocrine disruptors that may affect the 

timing of male puberty, including onset, progression and attainment of sexual maturity. 

Their anti-androgenic effects have been shown in toxicological and epidemiological 

literature, including the Russian Children’s Study (RCS), a longitudinal cohort of boys 

enrolled at ages 8-9 years and followed until ages 18-19. Since its inception in 2003-2005, 

the RCS has sought to fill gaps in our understanding of these chemicals’ impact on male 

puberty and fertility – particularly if exposure occurs in the sensitive peripubertal 

window. The conclusions of my dissertation summarize the current findings from the 

RCS, and consider them in the greater context of the literature on dioxins, furans, PCBs 

and male reproductive health. 

The current work focused on peripubertal serum levels of dioxins, furans and PCBs 

in our cohort of Russian boys, and the associations of these serum chemicals with boys’ 

serum sex hormones and pubertal progression. In evaluating these associations, the 

initial task – and our first aim – was to  group the 56 organochlorine chemicals into a 

smaller number of exposure variables, so as to preserve parsimony in our models while 

still retaining all potentially important exposures. To that end, we employed a variable 

clustering approach to create eight separate clusters of correlated organochlorine 

chemicals. Interestingly, the resulting clusters fell into three distinct types. Clusters 3 and 

6 were dominated by dioxins and furans. Clusters 1, 4 and 7 were dominated by PCBs with 

zero or one chlorine at the ortho (2,2’ or 6,6’) position, but two chlorines at the para (4,4’) 

positions – a chlorination pattern that enables congeners to take a coplanar or mono-

ortho-coplanar configuration, and thus potentially exert “dioxin-like” effects (Theobald, 

Kimmel and Peterson, 2003; Hamers et al., 2011). Finally, clusters 2, 5, and 8 were 
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dominated by PCBs which, having at least two chlorines at the ortho (2, 2’) positions, are 

unable to assume a coplanar configuration and are thus not “dioxin-like” (Theobald, 

Kimmel and Peterson, 2003). Furthermore, in addition to reflecting coplanarity, the 

clustering scheme also tended to group congeners with similar numbers of chlorine 

atoms. Thus, within the set of coplanar/mono-ortho-coplanar clusters 1-4-7, cluster 4 

reflected primarily tri- and tetra-chlorinated PCB; cluster 7 tetra- and penta-chlorinated 

PCBs; and cluster 1 hexa- and hepta-chlorinated PCBs. Similarly, within the set of non-

c0planar clusters 2-5-8, cluster 2 reflected tetra- through hexa-chlorinated PCBs; cluster 

8, hexa- through hepta-chlorinated PCBs; and cluster 5 hepta- through octa-chlorinated 

PCBs. Since the number and position of chlorine atoms may influence metabolism (e.g., 

Grimm et al., 2015), we hypothesized that the clusters represented congener groups with 

potentially similar elimination half-lives in humans. As such, we suggested that they 

might prove useful in supplementing more commonly used exposure measures, such as 

∑TEQs and ∑NDL-PCBs – and should be used alongside these metrics in future aims. 

We next turned our attention to evaluating cluster-based exposures at ages 8-9, 

and their relationships with serum testosterone, follicle-stimulating hormone (FSH) and 

luteinizing hormone (LH) throughout puberty. We found that organochlorine clusters 1, 

4 and 7, dominated by non-ortho or mono-ortho-chlorinated PCBs which are able to 

assume a coplanar conformation, all showed a slightly U-shaped pattern of hormonal 

changes over time as the boys aged (Figure 6). This U-shaped pattern was visible to a 

greater or lesser degree across all hormones. It furthermore echoed associations observed 

for dioxin-like clusters 3 and 6, consistent with PCBs with a coplanar or mono-ortho-

coplanar conformation having dioxin-like effects (e.g., Van den Berg et al., 2006). On the 

other hand, clusters 2, 5 and 8, dominated by non-coplanar PCBs chlorinated at two or 
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more ortho positions, consistently showed a sharp early-pubertal decrease in testosterone 

and LH, accompanied by a weaker pattern of decrease in FSH (Figure 6). This pattern was 

distinct from that of the dioxin clusters 3 and 6, supporting the “non-dioxin-like” 

designation of PCBs chlorinated at more than one ortho position (Theobald, Kimmel and 

Peterson, 2003).  

In addition to sex hormones, we also examined the relationship between 

peripubertal serum organochlorines and rate of pubertal progression. In this analysis, 

∑TEQs were associated with slower pubertal progression, and ∑NDL-PCBs with 

accelerated progression (Table 12). At first, these results may appear incompatible with 

those of chapter 3, in which both NDL-PCBs and TEQs were associated with decreases in 

total circulating testosterone (Figure 7). However, total circulating testosterone may not 

be as relevant to pubertal progression as bioavailable testosterone (e.g., Raivio et al., 

2004). Alternately, the pace of puberty may depend not only on the amount of 

testosterone available, but also on the extent and rate of its metabolic conversion within 

the cell (Nieschlag, Behre and Nieschlag, 2012). In either of these scenarios, changes in 

total circulating testosterone levels may be of limited utility in understanding the link 

between organochlorine chemicals and pubertal progression.  

When considering our findings in the context of the larger literature (Figure 14-

Figure 15), several observations emerge: firstly, the literature collectively shows dioxins’ 

anti-androgenic effects. In vitro, these effects have been shown to be mediated through 

the cytosolic aryl hydrocarbon receptor (AhR), the activation of which may impede 

androgen-mediated gene transcription, inhibit testicular biosynthesis of testosterone, 

and promote androgen receptor (AR) catabolism (Pohjanvirta and Tuomisto, 1994; Jana 

et al., 1999; Barnes-Ellerbe, Knudsen and Puga, 2004; Morrow et al., 2004; Van den Berg 
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et al., 2006; Murray, Patterson and Perdew, 2014; Ghotbaddini and Powell, 2015). Anti-

androgenic effects have also been demonstrated in animals and humans, regardless of 

when in life exposure may have occurred (Figure 14). Rats exposed perinatally have shown 

decreased serum testosterone and smaller testes, as have rats exposed after sexual 

maturity (Moore et al., 1989; Mably, Moore and Peterson, 1992). In men, perinatal 

exposure to dioxins during the Seveso industrial accident was associated with poorer 

semen quality, as well as with hormonal markers of impaired semen production 

(Mocarelli et al., 2011); while adult occupational exposure was linked to decreases in 

serum testosterone (Egeland et al., 1994; Gupta et al., 2006). Adding to this body of 

research is our Russian Children’s Study (RCS), which has focused on the previously 

understudied peripubertal exposure window. Prior RCS publications have reported that 

peripubertal exposure to dioxins is associated with later pubertal onset, later attainment 

of sexual maturity, reduced pubertal growth, and poorer semen quality in adulthood 

(Korrick et al., 2011; Burns et al., 2016, 2019; Mínguez-Alarcón et al., 2017b; Sergeyev et 

al., 2017). Against this backdrop, the current work provides further evidence of an anti-

androgenic effect, by linking peripubertal dioxins to decreased serum testosterone in 

early- to mid-puberty, and to lower odds of accelerated pubertal progression (Figure 14).  

Our findings in relation to NDL-PCBs should also be viewed in the larger context 

(Figure 15). In much of the literature, exposure to NDL-PCBs at any time – perinatally, 

peripubertally or in adulthood – appears linked to declines in serum testosterone (Figure 

15). Rats perinatally exposed to a mixture of NDL-PCBs 138, 153 and 180 at doses relevant 

to human exposure experienced decreases in serum testosterone neonatally and in 

adulthood, as well as reduced adult testis and ventral prostate weights (Hany et al., 1999; 

Dickerson et al., 2011). Consistent with these toxicological findings, Faroese boys exposed 
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prenatally to the same three PCBs had lower total serum testosterone and luteinizing 

hormone (LH) at age 14 (Grandjean et al., 2012). Similarly, boys prenatally exposed to 

high levels of penta-, hexa- and hepta-chlorinated PCBs from the Yucheng poisoning 

incident showed a lower testosterone-estradiol ratio at age 16, as well as lower sperm 

motility and higher numbers of abnormal sperm (Guo et al., 2000; Hsu et al., 2005). 

Lastly, in cross-sectional studies of men, higher serum levels of key PCBs (e.g., PCBs 118 

and 153) as well as higher serum ∑PCBs, were associated with decreased sperm motility 

and lower serum total and free testosterone (Richthoff et al., 2002; Goncharov et al., 

2009; Ferguson et al., 2012). Only one study did not find an association with decreased 

testosterone: in a cohort of California boys, prenatal exposure to non-dioxin-like PCB 

congeners (∑PCBs 18, 28, 44, 49, 52, 66, 74, 87, 99, 101, 105, 110, 128, 138, 146, 151, 153, 

157, 167, 172, 177, 178, 183, 187, 189, 194, 195, 196, 199, 206 and 209) was associated with 

an apparent elevation in total serum testosterone at age 12 (Eskenazi et al., 2016). 

However, as this finding was not statistically significant, it is not necessarily inconsistent 

with the rest of the literature.  

The weight of evidence, then, points to an association between elevated NDL-PCBs 

and decreased total serum testosterone, with potential impacts on semen quality. Our 

current findings demonstrate some consistency with this body of evidence, by showing 

that boys peripubertally exposed to NDL-PCBs were more likely to have decreased total 

testosterone in early- to mid-puberty (Figure 6-Figure 7). Yet in our Russian Children’s 

Study, this link with decreased serum testosterone does not seem to translate into delayed 

pubertal timing. To the contrary, we have observed associations between peripubertal 

exposure to NDL-PCBs, ealier pubertal timing and accelerated pubertal pace, not just in 

the current work (Chapter 4), but also in previous RCS publications (Korrick et al., 2011; 
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Burns et al., 2016; Sergeyev et al., 2017).   

In seeking to reconcile these findings, it may be useful to remember that the 

mechanisms by which NDL-PCBs exert their effects are only partially understood and 

may depend on several factors. For instance, non-dioxin-like PCBs 138, 153, 170 and 180 

competitively bind to and partially activate the androgen receptor (AR). In the presence 

of endogenous dihydrotestosterone (DHT) or the synthetic androgen R1881, they are 

considered androgen antagonists, as their less potent activation of the AR may result in a 

net anti-androgenic effect (Hamers et al., 2011; Takeuchi, Anezaki and Kojima, 2017). 

However, what if exposure occurs in the prepubertal period, before meaningful levels of 

testosterone are produced? In such a scenario, NDL-PCBs may bind to the AR, 

prematurely activating androgenic pathways that would otherwise – in the absence of 

testosterone – remain quiescent. Furthermore, non-androgenic pathways to early 

puberty cannot be excluded. It is known, for instance, that NDL-PCBs bind to and 

partially activate the estrogen receptor (ER) (Plíšková et al., 2005; Oh et al., 2007). The 

ER is expressed in the male testes at all stages in life, but becomes more numerous in 

Sertoli cells in late childhood and puberty (Guercio et al., 2020). Consequently, it is 

conceivable that the associations between NDL-PCBs and pubertal timing might be 

partially mediated through a non-androgenic pathway involving ER activation. If so, 

additional research will be necessary to identify what such a pathway may be, and the 

precise mechanisms by which it may affect pubertal timing. 

The current analysis is not without its limitations. Firstly, we did not measure 

organochlorine exposure repeatedly over time, and thus had no information on other 

pertinent windows of exposure, such as the perinatal period. Likewise, we had no data on 

PCB metabolites, which may, in some cases, be as hormonally disruptive as the parent 
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compounds (Kester et al., 2000). Furthermore, although the Russian cohort was also 

exposed to the organochlorine pesticides β-hexachlorocyclohexane (β-HCH), 

hexachlorobenzene (HCB), and dichlorodiphenyldichloroethylene (p,p’-DDE) (Revich et 

al., 2007; Revich and Shelepchikov, 2008; Lam et al., 2013), serum measurements for 

these pesticides were only available in a subsample of the participants. Thus, we chose 

not to control for organochlorine pesticides so as to retain maximum power (see Chapter 

4). In so doing, we may have failed to control for residual confounding by organochlorine 

pesticides – a limitation that should be addressed in future sensitivity analyses.  

On the other hand, our work also has many strengths. We were fortunate to have 

access to the Russian Children’s Study, with its wealth of longitudinal measurements on 

sex hormones, testicular volume, pubertal staging, growth, and other physical and 

endocrine endpoints. These measurements spanned an eleven-year period, allowing us to 

conduct novel analyses on sex hormones and testicular changes from late childhood to 

adulthood. In so doing, we benefited from the outstanding completeness of follow-up, 

with a retention of >65% over eleven years. Furthermore, a single pediatric 

endocrinologist (O. S.) assessed all testicular volumes through the entire follow-up 

period, thus eliminating inter-rater variability from our pubertal progression variable.  

Another important strength of the current work is its thoughtful methodological 

approach. To better organize the organochlorine exposures, we selected an empirical 

organochlorine grouping strategy that requires no knowledge of biological mechanisms; 

and developed a useful and plausible interpretation for the resulting clusters based on 

chlorination patterns and differences in metabolism. This cluster-based grouping strategy 

is easy to implement and – particularly in the case of the non-dioxin-like PCBs – may 

provide a desirable supplement to other grouping schemes. We were also the first to 
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examine longitudinal changes in boys’ sex hormones through puberty, particularly in 

relation to peripubertal organochlorine exposures; and the first to study the association 

between peripubertal organochlorine chemicals and pubertal progression. In the latter 

context, our use of group-based trajectory models (GBTM) was innovative and provided 

an intuitive means of conceptualizing pubertal progression. 

In conclusion, this work presented evidence that dioxins, furans and non-dioxin-

like PCBs may disrupt male pubertal development in two ways: by interfering with the sex 

hormone testosterone and to a lesser degree, the gonadotropins FSH and LH; and by 

shifting the pace of boys’ pubertal progression. Our findings fit with and support existing 

literature on organochlorine chemicals and male reproduction. However, they also 

contribute new insight into two aspects of male puberty hitherto largely neglected – 

namely, longitudinal changes in sex hormones and pace of pubertal progression.  
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Figure 14. Dioxins and reproductive outcomes in males: summary of findings from Russian Children’s Study and other literature 
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Figure 15. Non-dioxin-like PCBs and reproductive outcomes in males: summary of findings from Russian Children’s Study and 

other literature 
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